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Os antibióticos são usados intensivamente na terapia médica, medicina veterinária e na indústria 
agrícola, resultando em emissões contínuas dos compostos em ETARs e recursos de água doce. Uma 
vez que as ETARs convencionais não são eficazes para remover completamente os antibióticos, au-
mentam também as preocupações relacionadas com a influência de seu modo de ação nas comunida-
des microbianas, bem como o risco para a saúde humana, através da promoção e disseminação de re-
sistência aos antibióticos. O objetivo deste estudo é desenvolver uma estratégia eficaz e prática de bio-
aumento para a remoção do antibiótico sulfametoxazol (SMX) - um dos antibióticos sulfonamida sin-
téticos mais frequentemente detectados nas águas residuais. Esta tese revelou que uma estirpe identifi-
cada como Achromobacter denitrificans PR1, anteriormente isolada de lamas activadas (AS), é um 
organismo com potencial para bio-aumento da remoção de SMX em águas poluídas. A cinética de de-
gradação de SMX deste organismo é estimulada na presença de substratos biogénicos, por exemplo, 
acetato/ácido succínico, sendo duas ou três ordens de grandeza maior do que a cinética de degradação 
de lamas activadas, em concentrações ambientalmente relevantes. O bio-aumento de AS com a estirpe 
PR1 (testes descontinuos) conduziu a taxas sessenta vezes superiores de biotransformação de SMX em 
comparação com AS, dentro de um ambiente complexo de fontes de carbono. Modelos de degradação 
biológica em ETAR foram calibrados para descrever com precisão o destino de sulfametoxazol e os 
dois metabolitos humanos deste composto, N4-acetil-SMX e SMX-N1-glicuronídeo, sob várias condi-
ções redox. 
A estirpe foi posteriormente bio-aumentada em biorreatores de membrana operado sob condi-
ções aeróbias, que levou a uma melhor estabilização da remoção de SMX, especialmente em situações 
de cargas de choque de SMX. Alteração dos tempos de retenção hidráulicos e, portanto, da disponibi-
lidade de substratos primários, afeta o cometabolism de SMX da estirpe bio-aumentada nas lamas ati-
vadas. Após o bioaumento, observou-se a perda da viabilidade das estirpes introduzidas. Re-
inoculação da estirpe degradadora parece ser uma solução lógica para manter a eficiência de remoção 
do composto alvo. 
 






























Antibiotics are intensively used in medical therapy, veterinary medicine, and the farming indus-
try, resulting in continuous releases of the compounds into WWTPs and fresh water resources. Since 
conventional WWTPs are not effective to completely remove antibiotics, there are growing concerns 
related to the influence of its mode of action to microbial communities, as well as the risk to human 
health, by promoting and spreading antibiotic resistance. The aim of this research is to develop an ef-
fective and practical bio-augmentation strategy for the removal of the antibiotic sulfamethoxazole 
SMX - one of the most frequently detected synthetic sulfonamide antibiotics in wastewater. A strain 
identified as Achromobacter denitrificans PR1, previously isolated from activated sludge (AS), was 
found as a potential organism for bio-augmentation for SMX removal in polluted waters. The SMX 
degradation kinetics of this organism are stimulated in the presence of biogenic substrates, e.g. ace-
tate/succinate, and are two to three orders of magnitude higher than the degradation kinetics of activat-
ed sludge at environmentally relevant concentrations. Bioaugmentation of AS with the strain PR1 
(batch experiments) led to superior biotransformation rates of SMX (by sixty times) compared to AS, 
within a complex carbon environment in WWTPs. Biological degradation models were calibrated to 
describe accurately the fates of sulfamethoxazole and the two human metabolites, e.g. N4-acetyl-SMX 
and SMX-N1-Glucuronide, in the systems, under various redox conditions. 
The strain was subsequently bioaugmented into membrane bioreactors operated under aerobic 
conditions, which led to the enhancement and stabilization of the SMX removal, especially when 
SMX shock loads occurred. Changing hydraulic retention times, and thus the availability of primary 
substrates, was found to affect the cometabolism of SMX by the bioaugmented strain in activated 
sludge. After the bioaugmentation, the loss of viability of the introduced strains was observed and re-
inoculation of the degrading strain seems to be a logical solution to maintain removal efficiency of the 
target compound. 
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The availability of a sustainable supply of fresh water has always been central to the develop-
ment of urban centres around the world. Growing population and rising standards of living exert stress 
on water supply and on the quality of drinking water. Management of such issues involves multiple 
options including water recycling and wastewater reuse. However, the increasing worldwide contami-
nation of freshwater systems with thousands of industrial and natural chemical compounds has be-
come one of the big challenges for a sustainable water future. These chemicals are ubiquitously de-
tectable in the environment at trace levels ranging from nanograms to micrograms per litre, and are 
often called micropollutants (MPs) (because their concentrations are very low), or emerging contami-
nants (since the concern about them is only recent) or xenobiotics (since most of them are synthetic) 
(Fatta-Kassinos et al., 2010). They are mostly synthetic substances such as pharmaceuticals, biocides, 
illicit drugs, cosmetics, pesticides, herbicides and surfactants, to name a few; and naturally occurring 
substances such as hormones. Within these categories, groups of chemicals with similar structures can 
be found. However, often groups of chemicals with very different structures belong to the same cate-
gory.  
MPs can enter in different environmental compartments by transport and distribution via several 
different routes and can end up in soil, ground water, or wastewater treatment plants (WWTPs) as a 
result of (i) domestic uses (e.g. of illicit drugs, pharmaceuticals, cosmetic and hygiene products), (ii) 
industrial discharge, (iii) agricultural uses (e.g. of antibiotics and pesticides/herbicides) (iv) storm-
water runoff from cities. The application of pharmaceuticals in livestock, followed by fertilization 
with manure, could contribute to an additional source of pharmaceuticals in the aquatic environment 
(Boxall et al., 2004). Many pharmaceuticals are excreted from the human body in the form of unmodi-





These conjugates can be transformed back to the parent compounds, causing an increase or negative 
removal of the parent compound during wastewater treatment processes. Unfortunately, conventional 
WWTPs are not designed to remove or degrade MP residues, which then are discharged into the 
aquatic environment via treated water, or into terrestrial environment by disposal of the sewage 
sludge/biosolids in landfill. As a result, the constant re-introduction of MPs through discharge from 
WWTPs creates pseudo-persistence (i.e. continual and ongoing exposure) in the environment and 
aquatic organisms are permanently exposed to this pollution. Even at very low concentrations, MPs 
can exert considerable (eco)toxicological concerns (i.e. acute and chronic toxicity) on aquatic organ-
isms and humans (Flaherty and Dodson, 2005; Hoeger et al., 2005; Lai et al., 2009; Murray et al., 
2010). When chemicals with similar modes of action are present as complex mixtures, additive or syn-
ergistic effects can render such mixtures dangerously potent (Altenburger et al., 2004; Brian et al., 
2005; Chèvre et al., 2006; Escher et al., 2011; Schwarzenbach et al., 2006).  Endocrine disrupting 
chemicals can be linked to adverse health effects reported in humans and wild animals, for example, 
feminization (Jobling et al., 1998) and hermaphroditism in wildlife and the development of testicular 
and prostate cancer and decreased sperm reproduction in humans (Sonnenschein and Soto, 1998). Re-
cently, the presence of antibiotics in the aquatic environment is a growing concern related to promot-
ing of antibiotic resistant bacteria (Berendonk et al., 2015). 
Within the European Union, although no legal discharge limits into the environment are current-
ly defined, a list of prioritized substances that are seen as a threat to surface and ground water has been 
published. In the Water Framework Directive 2008/105/EU, environmental quality standards were 
defined for the list of 33 priority substances/groups to control the chemical status of waters. In 2013, 
the new Directive 2013/39/EU came into force with twelve additional substances introduced to the 
controlled lists and thus, in total, 45 compounds were classified as priority substances. Recently, the 
first watch list of 10 substances/groups of substances for European Union-wide monitoring was re-
ported in the Decision 2015/495/EU of 20 March 2015. The watch list included the anti-inflammatory 
diclofenac and the synthetic hormone 17-alpha-ethinylestradiol-EE2, a natural hormone (17-beta-
estradiol-E2), other natural hormone (estrone (E1), three macrolide antibiotics (azithromycin, clar-
ithromycin and erythromycin), an antioxidant (2,6-di-tert butyl-4-methylphenol) commonly used as 
food additive, a UV filter (2-ethylhexyl-4-methoxycinnamate), and some pesticides (methiocarb, 
oxadiazon, imidacloprid, thiacloprid, thiamethoxam, clothianidin, acetamiprid  and triallate) (Barbosa 
et al., 2016). However, there are more problematic substances than the ones defined at the EU level. 
For all substances not appearing on the EU lists, member states have to identify so-called water basin 
specific substances and define corresponding environmental quality norms. What remains fully unreg-
ulated is the question of which policy measures come into force if the quality norms are exceeded. 
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1.2. Fate of MPs in wastewater treatment plants 
Conventional WWTPs can effectively remove solid wastes, particulates, easily biodegradable 
organic substances, nutrients (i.e. nitrogen and phosphorus), and pathogens from wastewater. Even 
though WWTPs have not been specifically designed for the removal of MPs, the compounds can be 
affected by physical, chemical, and biological processes occurring during the treatment. The behaviour 
of contaminants in WWTPs depends on the physical-chemical properties of specific compounds, their 
susceptibility to sorption, chemical degradation and biodegradability. The main mechanisms associat-
ed with MP removal in wastewater treatment are described as below: 
1.2.1. Abiotic processes 
A number of other processes can influence the removal of MPs in wastewater, e.g. photolysis, 
volatilization and stripping during aeration. Photolysis is a more relevant mechanism of MPs in stabi-
lization ponds, or in ultraviolet disinfection. Due to the high turbidity of the wastewater and mixed 
sludge liquor, photolysis is considered as an insignificant process for the removal of MPs in activated 
sludge wastewater treatment (Michael et al., 2013). The extent of dissolved compounds being stripped 
from the water phase into the gas compartment depends on the physicochemical properties of the 
compounds (i.e. Henry’s constant) and the aeration conditions. The effect is taken into account for a 
compound with a Henry coefficient > 3*10-3. Pharmaceuticals are mostly hydrophilic and have Hen-
ry’s constant values < 10-5, therefore the stripping efficiency is considered to be insignificant (<10%) 
(Ternes and Joss, 2006). Several studies demonstrated minor contributions of volatilization to the re-
moval of pharmaceuticals in activated sludge processes (Göbel et al., 2005; Suárez et al., 2010).  
1.2.2. Sorption/desorption 
Sorption onto sludge can be an important removal mechanism of non-biodegradable MPs from 
WWTPs. In wastewater, MPs can sorb to solids as well as to dissolved and colloidal matter (Pomiès et 
al., 2013). It is composed of wo reactions: sorption from liquid to the solids and desorption from solids 
to the aqueous phase (Ternes and Joss, 2006). When the rate of the two respective processes are equal, 
sorption equilibrium is considered. Solid-liquid partitioning of a compound is characterized by using 
the sorption coefficient Kd (L gSS-1). At equilibrium, the MP concentration sorbed onto sludge (CS) is 







  (1.1) 




SSX  (gSS L
-1) is suspended solids concentration; 
LIC (μg L
-1) is the dissolved concentra-
tion;
SC (μg L
-1) is the concentration sorbed onto sludge, per unit reactor volume.  
And the total concentration of the compound C (μg L-1) is defined as: 
S LIC C C    (1.2) 
In most cases, sorption and desorption rates are significantly faster than the hydraulic retention 
time or the MPs biotransformation rates, thus, it can be assumed to be in close equilibrium, if the sorp-
tion substance mass flux is significantly higher (about 10 times) than the biodegradation flux (Ternes 
and Joss, 2006). Sorption experiments in batch reactors also showed that equilibrium can be reached 
after 0.5-1h (Andersen et al., 2005; Hörsing et al., 2011; Ternes et al., 2004).  
The extent of sorption can be affected by different factors such as the physico-chemical proper-
ties of the solids and the chemicals involved (Bowman et al., 2002) as well as the environmental con-
ditions, i.e. pH, ion strength, temperature or the presence of complexing agents, (Spark and Swift, 
2002). Insignificant sorption (< 10%) during wastewater treatment was observed for most of the inves-
tigated compounds (e.g. antibiotics, drugs, contrast media, fragrances, hormones) with Kd values < 0.3 
L gSS-1 (Ternes and Joss, 2006). The process is mostly involved in two main mechanisms: (i) absorp-
tion – hydrophobic interactions of the aliphatic and aromatic groups of a compound with the lipophilic 
cell membrane of the microorganisms or the lipid fractions of the suspended solids; (ii) adsorption – 
electrostatic interactions between positively charged groups of chemicals with negatively charged pol-
ysaccharide structures on the outside of bacterial cells (Ternes and Joss, 2006). 
The octanol-water partition coefficient (KOW), which represents the hydrophobicity, is common-
ly used as a chemical-specific predictor of nonspecific sorption to organic matter (Hyland et al., 2012). 
Different sorption extent can be considered according to the KOW : low sorption potential (log KOW< 
2.5), medium (2.5<log KOW<4) and high sorption (log KOW>4) (Rogers, 1996).  
The sorption was also shown to be directly related to organic carbon content, represented by the 
organic-carbon water partition coefficient (KOC) (Karickhoff et al., 1979), as below:  
d OC OCK f K   (1.3) 
where OCf  (g organic carbon gTSS
-1) denotes the organic carbon fraction in the solids.  
Most of the time, to simplify, modellers considered Kd as a unique value represented for an in-
trinsic physical-chemical property of a MP (Pomiès et al., 2013). However, sorption extent depends 
also on the type of solid matrix (e.g., activated sludge, particulate content of raw/treated wastewater, 
soil, and sediment) and differentiation of Kd values are required.  Indeed, sorption is not only associat-
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ed with hydrophobic interactions but also with other mechanisms such as electrostatic interactions 
(Ternes et al., 2004), hydrogen bondings, cationic exchanges, cationic bridges, and surface complexa-
tion (Tolls, 2001). 
Some MPs contain polar functional groups (e.g. carboxylic moieties, aldehydes and amines), 
which are ionized during wastewater treatment processes, i.e. anionic, cationic or zwitterionic, which 
can interact with special parts of organic matter or with minerals. Their partitioning behavior is affect-
ed by pH and ionic interactions and have been addressed in many studies. In these cases, the KOC pre-
dictions were based on the octanol–water partitioning coefficient (Kow) for neutral compounds or the 
pH-dependent octanol-water distribution (DOW) which considers the pKa at the ambient pH (Carballa 
et al., 2008; Drillia et al., 2005b; Radjenovic et al., 2009; Rosal et al., 2010).  
1.2.3. Retransformation 
Pharmaceuticals can be metabolized in the human body via two separate degradative processes: 
Phase I – introduction of polar group and Phase II – conjugation of polar group. The first reaction is 
the functionalization reaction, comprising hydrolysis (hydrolytic cleavages), reduction, and oxidation 
(alkylations and dealkylations), mostly catalyzed by cytochrome P-450 reductase and cytochrome P-
450 V (Roth, 1997). Phase II includes glucuronidation (transfer of glucuronic acid to phenols, aliphat-
ic hydroxyl, carboxyl, thiol, amine and hydroxylamino groups), along with less frequent sulfation, glu-
tathione conjugation, N-acetylatioin and amino acid conjugation etc. (Roth, 1997). Once administered, 
pharmaceuticals are metabolized and excreted in the form of unchanged compounds along with con-
siderable amounts of human conjugated forms (may be up to 22% of the excreted pharmaceuticals 
(Testa et al., 2012)). There is a very limited knowledge on the environmental fate and behavior of 
those human metabolites. ‘Negative removal’ of MPs has previously been described in WWTPs 
(Stadler et al., 2012) when comparing initial and final concentration, and likely explained as a result of 
different processes, e.g. retransformation or deconjugation of human conjugates (metabolized or con-
jugated forms of parent pharmaceuticals) back to parent compounds (Polesel et al., 2016) etc.. Several 
lines of evidence show that pharmaceutical metabolites are cleaved back to the parent compounds in 
the sewer or in WWTPs by widely available biological reactions or even by abiotic processes for sev-
eral pharmaceuticals, e.g. sulfamethoxazole (Göbel et al., 2007; Joss et al., 2006b; Stadler et al., 
2015), sulfapyridine (García-Galán et al., 2012), diclofenac and carbamazepine (Plósz et al., 2012) 
etc.. Notably, for many pharmaceuticals, conjugated or metabolized forms are present at even higher 
concentration, e.g. N4-acetyl-SMX (Ashton et al., 2004; Göbel et al., 2005), SMX-Glu (Wang and 
Gardinali, 2014) than the parent compound in WWTP effluents (Stadler et al., 2012). Thus, attention  
must be paid to the conjugated forms of pharmaceuticals and their fates in WWTPs and in the envi-
ronment to gain a more comprehensive understanding about their removal during wastewater treat-
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ment, avoiding discharge of compounds that could retransform back into their active parent forms in 
the environment (Stadler et al., 2015).  
A number of other processes are also responsible for ‘negative’ removal efficiencies observed in 
WWTPs, such as abiotic retransformation of metabolites and transformation products; formation from 
analogues and structurally related chemicals; or releases from faecal matter and hydrolysis of particu-
late and colloidal matter, or even desorption (Polesel et al., 2016).  
1.2.4. Biotransformation/biodegradation 
Biotransformation/biodegradation are typically referring to biologically-mediated/enzyme cata-
lysed chemical conversions that results in (i) the formation of other transformation products (metabo-
lites) with a slightly modified structure; or (ii) either the loss of certain chemical properties (primary 
biodegradation) or fully reduced or oxidized products such as carbon dioxide and water (ultimate bio-
degradation) (Kolvenbach et al., 2014).   
The conversion of MPs sometimes could lead to formation of intermediates that may be more 
biodegradable and would enter the central metabolic pathways for further biotransformation (Yi and 
Harper, 2007). Transformation products and intermediary degradation products can also be simi-
lar/more persistent and toxic compared to the parent compounds and can / cannot be further assimilat-
ed by other microbes present in the mixed activated sludge (Khunjar et al., 2011; Liu et al., 2013; 
Quintana et al., 2005). Thus, there is a need to include identifications of transformation products in 
environmental risk assessments. 
In a mixed culture such as activated sludge, removal of the MPs in general, especially polar 
ones, could be realized mainly via biodegradation, either due to metabolic (e.g. heterotrophic mi-
crobes) or co-metabolic activities of activated sludge degraders, e.g. heterotrophic and autotrophic mi-
croorganisms (Tran et al., 2013). To date, biotransformations carried out by specific degraders that 
could use MPs as sources of carbon and energy to maintain cell growth are still limited. Heterotrophic 
microbes in the environment are known to be able to degrade a large variety of MPs via their various 
monooxygenases and/or dioxygenases (Arp et al., 2001; Khunjar et al., 2011). Metabolic degradation 
of MPs by pure culture or mixed activated sludge has been reported for several compounds such as 
endocrine disrupters (Lindblom et al., 2009), the antibiotic sulfamethoxazole (Larcher and Yargeau, 
2011; Reis et al., 2014); ibuprofen (Murdoch and Hay, 2005); estradiol (Iasur-Kruh et al., 2011); acet-
aminophen (De Gusseme et al., 2011) etc.. Metabolic degradation of xenobiotics often results in low 
net growth of biomass and slow degradation rate, thus, the presence of a biogenic substrate (a readily 
biodegradable substrate) was demonstrated to not only increase biomass but also decrease lag-phase 
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and augment the degradation kinetics of other xenobiotic compounds (Chong et al., 2012; Oehmen et 
al., 2013).  
Since MPs are detected in the environments at concentrations (in the range of ng L-1 to μg L-1) 
too low to be utilized for biomass growth and cell energy requirements as well as inducing the relevant 
enzymes for/cofactors involved in the biodegradation, cometabolism is believed to be the dominating 
biodegradation process. Cometabolism is defined as the biological transformation of a non-growth 
(co-metabolic) substrate by bacteria in the obligate presence of a primary substrate (or growth sub-
strate) or another transformable compound (Dalton and Stirling, 1982). The roles of primary substrate 
in this case are to induce enzyme production, e.g. non-specific enzymes, for the degradation of MPs as 
well as provide energy for cell growth and maintenance. A number of studies have demonstrated that 
the biotransformation of some pharmaceuticals are likely to be due to co-metabolism (Gauthier et al., 
2010; Müller et al., 2013; Plósz et al., 2012; Su et al., 2015).  
Autotrophs also play important roles in co-metabolism of MPs via non-specific enzymes. Am-
monia oxidizing bacteria (AOB) are known to possess ammonia monooxygenase (AMO), an enzyme 
with relatively broad substrate specificity that catalyzes nonspecific oxidation of many MPs (Khunjar 
et al., 2011). Several studies have demonstrated significant associations between nitrification activities 
of nitrifying activated sludge and elimination of many MPs such as pharmaceuticals, pesticides, and 
estrogens (Dytczak et al., 2008; Fernandez-Fontaina et al., 2012; Damian E Helbling et al., 2012; Shi 
et al., 2004; Yi and Harper, 2007).   
Consequently, no matter how biotransformations of MPs happen via metabolic or co-metabolic 
processes, the presence of readily biodegradable substrates as co-substrates or biogenic substrates play 
a significant role in supporting the induction of catabolic enzymes (specific or non-specific), supplying 
energy and building blocks for the synthesis of proteins and biomass growth, etc. 
Nevertheless, diauxic or sequential degradation, termed as competitive inhibition, when mixed 
substrates are present, has been observed between the growth- and co-metabolic substrate as a result of 
competition for non-specific enzymes (Joss et al., 2004; Li et al., 2008; Plósz et al., 2010b; 
Sathyamoorthy et al., 2013). Subsequently,  biotransformation rates of co-metabolic substrates may be 
lower and vice versa (Chang and Alvarez-Cohen, 1995). 
Modelling is considered a useful tool to understand the fate of MPs and their eliminations 
through WWTPs, which allows process optimization to reduce emissions of MPs in the treated efflu-
ent as well as represent support operators and legislators in making decisions. A comprehensive sum-
mary on current status of modelling of MPs’ fate and transport in wastewater could be found in 
(Clouzot et al., 2013) and (Plósz et al., 2013a). In terms of modelling, biotransformation of organic 
chemicals generally can be written as a simplified version of the well-known Monod-model. However, 
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MPs and human metabolites have been found at low concentrations in wastewater, from ng L-1 to μg 
L-1, which is significantly lower than the half-saturation coefficient. Thus the biomass transformation 
capacity increases linearly with the soluble concentration of the MP, C (μg L-1), and could be de-








where kbio (L gXSS-1 d-1) is the reaction rate coefficient and XSS is the suspended solids concen-
tration inside the reactor (kg TSS L-1). ‘Pseudo’ refers to the dependency from the term XSS, assumed 
constant for short-term batch experiments (Joss et al., 2006b). And when sorption equilibrium is as-












where KD is the solid-water distribution coefficient of the compound (L kg-1). 
Considering that MPs are present in concentrations significantly lower than their affinity con-
stant, those are probably too low to induce the catabolic genes (Kolvenbach et al., 2014), and thus bio-
transformation may be dependent on co-metabolism catalysed by non-specific enzymes, in the pres-
ence of another carbon source available at higher concentration defined as the growth substrate (or 
primary substrate). The kinetics of co-metabolism was first developed by Criddle (1993), known later 
as reductant model by (Alvarez-Cohen and Speitel, 2001; Liu et al., 2014), and considered the benefi-
cial effect of growth substrate availability on xenobiotic trace chemical biotransformation.  
The Activated Sludge Modelling framework for Xenobiotics (ASM-X) model, an extension of 
the well-known Activated Sludge Models (ASMs) (Henze et al., 1999, 1987), was first identified and 
calibrated for antibiotics (Plósz et al., 2010b) during WWTPs. Then it was also extended to successful-
ly calibrate and predict the fate of several other xenobiotic chemicals, such as diclofenac and carbam-
azepine (Plósz et al., 2012); cocaine (Plósz et al., 2013b); SMX, tetacycline and ciprofloxacin in full-
scale WWTP (Polesel et al., 2016); illicit drug biomarkers (Ramin et al., 2016) in sewer systems; as 
well as a broad range of micropollutants in biofilm systems (Polesel et al., 2017; Torresi et al., 2017). 
In general, the cometabolic biotransformation model of MPs used in this study developed for mixed 
activated sludge culture by (Plósz et al., 2012) is characterized by two-rate process: the enhanced rate 
in the presence and the pseudo-first order rate in the absence of growth substrates, SS, respectively: 
( )Sbio bio SS
S S
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where qbio (L gXSS-1 d-1) defines the cometabolic-biotransformation rate constant in the presence 
of the primary substrate (SS) and KS (g L-1) is the primary substrate half saturation coefficient.  
In case deconjugation of human metabolites is taken into account, a retransformation-
biotransformation model describes the variation of aqueous concentration of the parent compounds 
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 (1.7) 
where CCJ (g L-1) accounts for the concentration of substances, biotransformed via the parent 
compound; CL (g L-1) is the dissolved parent compound; and kdec (L g-1 d-1) defines the retransfor-
mation rate constant. Negligible sorption can be considered for the fraction CCJ due to its higher water-
solubility than parent substances to improve their excretion from the human body (Plósz et al., 2010b). 
1.3. Environmental factors affecting the removal of MPs 
The removal of MPs in WWTPs is affected by many factors including compound physico-
chemical properties; prevailing environmental factors such as redox conditions; pH; the presence of 
organic matter; or operational parameters such as hydraulic retention time (HRT), solid retention time 
(SRT) and environmental temperature. 
1.3.1. Compound structures 
Chemical structure of MPs provides not only information related to classification grouping, but 
also degradability or persistence of the compounds in the environment. Some studies have demonstrat-
ed that the chemical structure and physicochemical properties are important factors in evaluating the 
removal potential of MPs from WWTPs (Cirja et al., 2008; Kimura et al., 2005; Tadkaew et al., 2011). 
Bertelkamp et al., (2016) reported a statistically significant relationship between MP biodegradation 
rates and the functional groups of the molecular structures. The authors found that MP biodegradation 
rates increased in the presence of carboxylic acids, hydroxyl groups, and carbonyl groups, but de-
creased in the presence of ethers, halogens, aliphatic ethers, methyl groups and ring structures in the 
chemical structure of the MPs. An example from other studies of 17β-estradiol (E2) and 17α-
ethinylestradiol (EE2), where the difference in structure of the two compounds is only the ethinyl 
group present in EE2, which makes it very recalcitrant, while the removal of E2 occurs quite easily 
during wastewater treatment (Ternes et al., 1999). Complex structure compounds with two aromatic 
rings, e.g. ketoprofen, mefenamic acid and naproxen, are presumably not efficiently removed by con-
ventional activated sludge (CAS), but could be well removed by membrane bioreactor (MBR) suppos-
edly due to their long SRT (Kimura et al., 2005). The authors also demonstrated that harbouring chlo-
rine group compounds, e.g. diclofenac, dichloprop and clofibric acid, are often poorly removed by 
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both conventional activated sludge (CAS) and membrane bioreactor. This is in agreement with 
(Andreozzi et al., 2006), who observed that the presence of a nitro- group or a chlorine atom in an ar-
omatic ring results in a decreased biodegradation rate attributed to the electron-withdrawing character 
of these substituents and of the electrophilic nature of the oxygen transfer to the reacting molecules. 
Tadkaew et al., (2011) found a correlation between molecular structures and the removal of MPs and 
proposed a qualitative framework for the prediction of trace organic removal by MBR treatment. The 
authors suggested that very hydrophobic MPs have log D > 3.2 (log D: pH-dependent distribution co-
efficient) and were grouped into very high removal compounds (ranging from 85% to more than 98%). 
Low removal efficiency (< 20%) was observed for hydrophilic and moderately hydrophobic (log D < 
3.2), where compounds possessed strong electron withdrawing functional groups. In contrast, com-
pounds bearing only electron donating functional groups such as hydroxyl groups and amine groups 
were reported for high removal (>70%). However, there were some exceptions which remained unex-
plainable due to the lack of biochemical data. During biodegradation, depending on the chemical 
structures of MPs, e.g., the presence of secondary, tertiary or quaternary carbon atoms as well as spe-
cific functional groups (Zhang et al., 2014), MPs may be mineralized or transformed to either more 
hydrophobic or more hydrophilic derivatives (Halling-Sørensen et al., 1998; Muter et al., 2017; Zhang 
et al., 2014).   
1.3.2. Operational conditions 
Biological wastewater treatment, e.g. the activated sludge process, has been noted to contribute 
significantly to removal of many MPs (Joss et al., 2005; Watkinson et al., 2007) and operational pa-
rameters such as hydraulic retention time (HRT), sludge retention time (SRT), pH and temperature 
etc., might influence and cause disparity in removal efficiencies for similar technologies reported in 
literature (Drewes, 2007).  
Several studies stressed the significant impact of sludge retention time (SRT) on MP removal 
(Clara et al., 2005a; Petrie et al., 2014; Stasinakis et al., 2010; Suárez et al., 2012). High SRTs facili-
tate the enrichment of slowly growing bacteria and consequently, the establishment of a more diverse 
biocoenosis with broader physiological capabilities compared to WWTPs operating at low SRTs 
(Clara et al., 2005a). It is known that if removal of specific MPs is dependent on the SRT, and critical 
SRTs must be met, e.g. 10 days (Clara et al., 2005a) or 20 days (Plósz et al., 2012) for diclofenac, for 
their complete degradation in WWTPs. An activated sludge system operated at prolonged SRTs gen-
erally correlates with enhanced removal of some MPs (Göbel et al., 2007; Kimura et al., 2007; 
Kovalova et al., 2012). Clara et al., (2005) found higher removal rates at SRTs higher than 10 days for 
some compounds such as 17β-estradiol, estrone, estriole, ibuprofen, bezafibrate, and bisphenol-A. In 
contrast, in other studies, the highest biotransformation rates of endocrine disruptors was observed for 
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continuous AS systems operated at low SRT of 3 days compared to 10 and 20 days (Stasinakis et al., 
2010). Majewsky et al., (2011) demonstrated that attenuation of intermediate biodegradable substrates, 
such as diclofenac and for SMX, is expected to be decreased at higher SRT due to a lower active bio-
mass presence. In addition, several studies found little or no effect of increased SRT on the biotrans-
formation of some MPs, e.g. carbamazepine (Clara et al., 2005a; Plósz et al., 2012), 17α-
ethinylestradiol (Gaulke et al., 2009), paracetamol and caffeine (Majewsky et al., 2011) etc. In sum-
mary, the impact of SRT on biotransformation of MPs depends much on the chemical compounds to 
be degraded and no generalization on the impact of SRT could be postulated for all MPs.  
The hydraulic residence time (HRT) also impacts the removal of pollutants. Systems with long-
er HRT appear to have better removal of MPs (Gros et al. 2010; Petrie et al. 2014). Higher removal of 
estrogen with longer HRT was attributed to a decrease in food to microorganism (F:M) ratio that led to 
biodegradation of less-favoured carbon substrates as well as increased contact time for biodegradation 
(Petrie et al., 2014). The long contact time between biomass and aqueous concentration of MP can be 
beneficial for the general slow removal rates estimated for MPs.  
Temperature can affect microbial growth and activity. Several studies have focused on the effect 
of temperature on the biodegradation of MPs (Göbel et al., 2007; Hai et al., 2011; Suárez et al., 2005), 
but no direct relationship has been reported so far.  
pH variations can affect the speciation of the ionizable compounds and subsequently their ten-
dency of sorption to the sludge particles or bioavailability for biodegradation. For example, increases 
in removal efficiency of certain acidic MPs such as ketoprofen, diclofenac, ibuprofen, and sulfameth-
oxazole has been demonstrated when MBRs were operated under acidic conditions compared to neu-
tral conditions. The reason was attributed to the speciation of the compounds from hydrophilic ionic 
forms to much more hydrophobic forms at pH lower than their acid dissociation constant (pKa) mak-
ing the compounds more readily available for biomass sorption (Tadkaew et al., 2010). In contrast, no 
changes in the removal rate of non-ionizable compounds were expected when pH varied. Overall, pH 
of an aqueous environment can affect the physiology of microbes and also solubility, ionic and/or non-
ionic states of MPs that subsequently influence MP eliminations (Tran et al., 2013). 
1.3.3. Redox conditions 
Removal of MP has been extensively studied under different redo conditions in wastewater 
treatment, e.g. aerobic, anoxic and anaerobic conditions (Alvarino et al., 2016; Falas et al., 2016; Joss 
et al., 2004; Stadler et al., 2015; Suárez et al., 2010). Previous studies have shown that the availability 
of electron acceptors, e.g. oxygen, nitrate or others, could influence the transformation rate of MPs. In 
general, it has been observed that degradation rates for MPs under aerobic conditions was faster than 
anaerobic and anoxic rates  (Joss et al., 2004; Suárez et al., 2010). For instance, faster degradation 
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rates were observed for the majority of the 16 investigated pharmaceutical and personal care products 
in a nitrifying reactor compared to a denitrifying reactor (Suárez et al., 2010). Joss et al., (2004) ob-
served significantly higher degradation rates of estrone E1 and estradiol E2 under aerobic conditions 
compared to anaerobic conditions. Anaerobic processes for MP removal were characterized as com-
pound-specific (Muter et al., 2017).  
In contrast, some chemicals had similar (e.g., N4-acetyl-sulfamethoxazole, atenolol, clarithro-
mycin) or higher (i.e., levetiracetam) removal rates under anoxic conditions than under aerobic condi-
tions (Falås et al., 2013). There was also a few notable exceptions (Alvarino et al., 2016) such as de-
coloration of azo dyes (van der Zee and Villaverde, 2005) or deionisation of diatrizoate, and demeth-
ylation of venlafaxine and  its metabolite O-desmethylvenlafaxine (Falas et al., 2016) were found to 
persist under aerobic conditions and only degraded under anaerobic conditions. In addition, redox gra-
dients developed within a biofilm may induce highly stratified microbial communities, which was 
considered as one of the reasons why considerably higher removal of some pharmaceuticals, e.g. di-
clofenac, ketoprofen, gemfibrozil, and clofibric acid, in a moving bed biofilm reactor compared to ac-
tivated sludge (Falås et al., 2012). Thus, it should be noted that different redox conditions impact the 
removal of different compounds. Furthermore, combinations of different redox potentials, i.e. aerobic, 
anoxic and anaerobic conditions, for wastewater treatment could broaden the spectrum of miropollu-
tants susceptible to biological degradation, with restriction to some of the MPs that were found to be 
persistent in all biological treatments (Falas et al., 2016).  
1.3.4. Presence of primary substrate 
As mentioned above, primary growth substrates, e.g. organic carbon or ammonia, play an im-
portant role in the biological removal of MPs by inducing enzymes or supplying energy flow for bio-
mass growth and maintenance, etc. However, the presence of the main substrates for microbial growth 
has been reported to exert multiple interactions on the removal of MPs such as enhancement (Oehmen 
et al., 2013; Plósz et al., 2012; Su et al., 2015; Tran et al., 2013, 2009); or inhibition (Plósz et al., 
2010b; Sathyamoorthy et al., 2013) as a result of competition for non-specific enzyme active sites 
(Criddle, 1993). The composition and concentration of growth substrates have been shown to act as 
microbial selectors that could affect the structure and performance of the microbial community and 
gene expressions, which may in turn alter the MP degradation via changes in the individual popula-
tions present over an extended period of time (Alidina et al., 2014; Li et al., 2014). Other studies found 
that biotransformation of different compounds respond differently to the presence of readily degrada-
ble carbon in short term tests (Su et al., 2015; Tan et al., 2013). Tan et al., (2013) observed enhanced 
estrogen E1 degradation under prolonged biomass starvation conditions over 5-13 days, which was 
attributed to stimulation of multiple substrate utilizing degraders under low substrate conditions. Un-
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der oligotrophic conditions, bacterial cells can develop a “multivorous” strategy to simultaneously me-
tabolize dozens of different carbon substrates (metabolic flexibility) instead of specialization on a par-
ticular substrate and strict metabolic control via mechanisms such as catabolite repression (Egli, 
2010). Improved 17α-ethinylestradiol (EE2) kinetics in activated sludge treatment was further reported 
as a result of population selection with growth at low organic substrate concentrations (Ziels et al., 
2014).  
Moreover, biotransformation of specific MPs has been proved to be correlated to nitrification 
(Fernandez-Fontaina et al., 2012; Damian E Helbling et al., 2012; Kassotaki et al., 2016; McAdam et 
al., 2010; Roh et al., 2009; Yi and Harper, 2007). As referred previously, cometabolism of MPs by 
ammonia oxidizing bacteria (AOB) has been reported via the broad spectrum non-specific enzyme of 
ammonia monooxygenase (AMO) (Batt et al., 2006b; Khunjar et al., 2011; Shi et al., 2004; Tran et al., 
2009), which could also be suppressed under high concentrations of ammonia (Fernandez-Fontaina et 
al., 2012). In contrast, some studies tested the use of AMO inhibitors, which showed little to no effect 
on the biotransformation of MPs (Gaulke et al., 2008; Khunjar et al., 2011), suggesting that other en-
zymes, e.g. hydroxylamine oxidoreductase or nitrite oxidoreductase that are involved in the ammonia 
oxidation process, could be potentially responsible for the MP biotransformation (Damian E. Helbling 
et al., 2012). Thus, the relative contribution of AMO to biotransformation of MPs compared to en-
zyme from heterotrophs still remains unclear.  
1.4. Bioaugmentation for MP removal from WWTPs 
The main removal mechanisms for MPs in activated sludge systems in conventional WWTPs 
are biodegradation and abiotic degradation, including sorption, stripping and volatilization. Advanced 
or tertiary treatments integrated in some WWTPs, e.g. membrane filtration, activated carbon adsorp-
tion (Li and Zhang, 2011; Pocostales et al., 2010), or advanced oxidation with ozone and chlorine 
(Knopp et al., 2016; Pereira et al., 2007) etc., are the most effective to enhance the removal of MPs in 
the effluent of WWTPs, but often employed high operational and maintenance costs. In addition, ozo-
nation and chlorine treatment have been shown to form persistent oxidation products which are equal 
or more toxic than the parent chemicals (Fatta-Kassinos et al., 2011), underpinning the need to opti-
mize biological wastewater treatment. Biological treatments are considered as cost-effective and sus-
tainable abatement of MPs. Unfortunately, conventional biological treatments are not efficient to treat 
wastewater that receives a high diversity of these emerging pollutants, as many of these are xenobiot-
ics. It is commonly thought that the inefficiency is caused by a lack of necessary catabolic genes in the 
indigenous microbial community (Yao et al., 2013). A novel approach that allows for a better removal 
of MPs in wastewater is bioaugmentation, i.e. the addition of indigenous or allochthonous (non-
indigenous) specialized microbial strains/microbial consortia or genetically modified organisms to pol-
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luted hazardous waste sites or bioreactors in order to enable or enhance the biodegradation of targeted 
pollutants (Boon and Verstraete, 2010; Chen et al., 2012; Ma et al., 2009; Tian et al., 2006). Recently, 
bioaugmentation of phenol degrading microorganisms has been successfully applied in a field study 
using a bioreactor (400 m3) for the biological treatment of phenol in industrial wastewaters (Poi et al., 
2017). Complete phenol degradation was achieved, enabling a cost saving of US$30 per tonne com-
pared to US$100 with conventional technologies. This case study suggested that bioaugmentation rep-
resents a promising, sustainable and cost-effective approach for the degradation of xenobiotics in 
wastewater.  
Bioaugmentation for remediation of contaminated soils has been effectively recognized since 
1970s (Ellis et al., 2000; Han et al., 2000; Major et al., 2002; Yao et al., 2013), and intensively studied 
to enhance removal of chlorinated pollutants (Frascari et al., 2010; Santharam et al., 2011) in 
wastewater; phenolic compounds (Duque et al., 2011; El-Naas et al., 2009; Fang et al., 2013) in 
wastewater; wastewater containing 3-chloroaniline (Boon et al., 2002); and other recalcitrant pollu-
tants (Fang et al., 2013; Li et al., 2013; Ma et al., 2009; Wang et al., 2014; Wen et al., 2013) etc.. 
These examples serve as a proof-of-principle of the efficacy of bioaugmentation to remove recalcitrant 
/xenobiotic chemicals from wastewater.  
Nevertheless, studies on bioaugmenation for MPs removal have been very limited. Roh and 
Chu, (2011) investigated performance of 17 β-estradiol (1 mg L-1) removal in a lab-scale nitrifying 
activated sludge SBRs bioaugmented with a Sphingomonas strain KC8 at different SRTs, i.e. 5, 10 
and 20 days. The results showed that long SRTs (i.e. 10 d and 20 d) were needed for the removal of 
estrogen to no estrogenic activity endpoint. Even though high removal of E2 (>99%) was observed in 
all reactors, the effects of bioaugmentation of strain KC8 would not be fully assessed due to the pres-
ence of unknown estrogen-degraders in the activated sludge background (no non-bioaugmented con-
trol reactors were conducted in concomitance for comparison). Iasur-Kruh et al., (2011) was success-
ful in integration of E2-degrading bacteria, EDB-LI1, into a wetland pond biofilm to enhance removal 
of estradiol. Another example, Hashimoto et al., (2010) also succeeded in bioaugmentation of an es-
tradiol-degrading bacteria, i.e. Novosphingobium sp. strain JEM-1, into a bench-scale conventional 
activated sludge system. Successful bioaugmentation of MP removal is considered when multi-criteria 
are met, e.g. the bioaugmented strains can grow and remove the MPs to levels below typical WWTP 
effluent levels within a complexed-substrate background as wastewater at practical degradation rates 
(Zhou et al., 2013). Fenu et al., (2015) introduced a Microbacterium sp. strain BR1 in a pilot scale 
MBR treating full-scale MBR effluent (post treatment) and treating raw municipal wastewater. Im-
provement in SMX removal was not observed in the two MBRs, except for the test with SMX concen-
trations far higher than the municipal wastewater relevant values. The failure in SMX removal upon 
bioaugmentation was due to the fact that the municipal MBRs were operated at low SRT compared to 
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the doubling time of Microbacterium sp., making no chance for the survival of the strain in realistic 
application.   
The main challenges in achieving successful bioaugmentation is the survival/stability and incor-
poration of the introduced microorganism into the biological treatment system (Yao et al., 2013). The 
failed bioaugmentations (Bouchez et al., 2009; Goldstein et al., 1985) were attributed to various possi-
ble explanations (Boon and Verstraete, 2010): (i) the contaminant concentrations may be too low for 
maximal induction of or recognition by the catalytic enzymes (Horemans et al. 2013); (ii) the presence 
of inhibitors such as antibiotics, antiseptics etc. (iii) the growth rate of the augmented organism may 
be slower than the rate of removal due to the loss of degrading microorganisms, washed out of the sys-
tem or not successfully competing with the indigenous bacterial community or grazed by protozoa 
(Bouchez et al., 2000); (iv) the other key substrates may be required for the inoculum; (v) the organ-
ism may physically fail to reach the pollutant or (vi) problems related to the adaptation of the inoculat-
ed microorganisms to the new environment (Qu et al., 2006).  
In addition, the identification and isolation of appropriate microbial strains used in bioaugmen-
tation are also one of challenges to success. Some bacteria are able to flocculate naturally or do devel-
op hydrophobic cell walls which may enable their penetration and adhesion to flocs (Bouchez et al., 
2009). The selected strains have to meet at least three criteria, i.e. active, persistent and compatible,  as 
described by (Yu and Mohn, 2002). The biodegradation in a consortium-augmented bioreactor was 
found to be more effective compared to the isolated one (Yao et al., 2013). It was supposed that not all 
the strains in the consortium are specialized-degraders, but the non-specialized microorganisms in the 
consortium can help to successfully compete with indigenous microorganisms; or further utilize the 
degradation intermediates generated by other strains (Mrozik and Piotrowska-Seget, 2010).  
In general, though bioaugmentation is powerful in wastewater treatment, successful bioaugmen-
tation remains controversial. Very little is known about the removal dynamics of microbial communi-
ties in augmented systems (Qu et al., 2006). The key part of the process is activated sludge, but it is 
still considered as an impenetrable “black box” (Dabert et al., 2002). However, by the recent advances 
made in ecological studies of microbial communities, microbiology, molecular biology and bioengi-
neering will provide useful information to manipulate the cells in different ways to increase the sur-
vival and metabolic rates of the inoculated cells, improving the design and performance of treatment 
systems (Boon and Verstraete, 2010; Dabert et al., 2002; Wagner et al., 2002). 
1.5. Objectives and outline of this research 
Amongst pharmaceuticals, antibiotics have been intensively used in human therapy for infec-
tious diseases, veterinary medicine, livestock as growth promoters, in agriculture and aquaculture, re-
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sulting in release detection of large amounts of antibiotics in the environment and water resources 
(Gothwal and Shashidhar, 2015; Li, 2014; Luo et al., 2014; Verlicchi et al., 2015). The discharge of 
antibiotics into the environment has become a growing concern because of, not only the influence in 
its mode of action to microbial communities (Fent et al., 2006), but also the risk to human health by 
promoting antibiotic resistant bacteria (ARB) and antibiotic resistance genes (ARGs) (Berendonk et 
al., 2015). ARG or ARB with resistance to, e.g. ciprofloxacin, sulfamethoxazole, trimethoprim, quino-
lone, vancomycin etc, have been detected in different environments (Berendonk et al., 2015; Leonard 
et al., 2015; Martínez, 2008), and has become a critical global public health issue of this century  
(WHO 2014).  
The focus of this PhD is on the removal of the antibiotic sulfamethoxazole (SMX, 
C10H11N3O3S), one of the most widely used synthetic sulfonamide antibiotics worldwide (Akhtar et al., 
2011; Kumar and Xagoraraki, 2010). After oral administration and body metabolism, approx. 45-70% 
of a SMX dose is excreted from the human body (Radke et al., 2009) as the unchanged compound  
(15%-25%) as well as the conjugated forms N4-acetyl-sulfamethoxazole (>40%) and sulfamethoxa-
zole-N1-glucuronide conjugate (9-15%) (Van der Ven et al., 1994; van der Ven et al., 1995). Conver-
sion of N4-acetyl-sulfamethoxazole and sulfamethoxazole-N1-glucuronide back to parent sulfamethox-
azole was experimentally observed in water and wastewater (Göbel et al., 2007; Plósz et al., 2010b; 
Radke et al., 2009; Stadler et al., 2015). Due to a low adsorptive polar nature, SMX is ubiquitously 
present in different environments with concentrations as high as 7910 ng L-1 (Peng et al., 2006) in raw 
influent and hundreds ng L-1 (Pin Gao et al., 2012; Rosal et al., 2010) in final effluent of WWTPs. The 
compound was categorized as Class 1: high priority pharmaceuticals relevant to the water cycle identi-
fied in a European assessment (de Voogt et al., 2009). Removal of SMX in WWTPs is marked by in-
consistent results, but incomplete elimination was reported (Behera et al., 2011; Michael et al., 2013; 
Watkinson et al., 2009). For these reasons, there is an obvious need for efficient processes to en-
hance/complete elimination of SMX from WWTPs in order to prevent the risk of resistance bacteria 
and facilitate the reuse of wastewater. Bioaugmentation was proposed as an alternative technology to 
increase MPs removal efficiency in WWTPs by inoculating specialized degrading bacteria. Few stud-
ies of bioaugmentation for MP removal, in general, or SMX removal, specifically, have been reported. 
This study aimed at evaluating the potential for bioaugmentation as an advanced strategy for enhanc-
ing SMX removal from WWTPs by using microbial cultures that can degrade the compound.  
Achromobacter denitrificans strain PR1 was selected for the bioaugmentation purpose of this 
study. The selection of this pure culture was based upon work of another partner, the Faculty of Engi-
neering of the University of Porto (FEUP). The strain was isolated from activated sludge from a 
WWTP in the North of Portugal, characterized and demonstrated to have capability to degrade and use 
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SMX as source of carbon, nitrogen and energy, which is an uncommon property amongst Achromo-
bacter spp (Reis et al., 2014).  
The specific goals of this work are:  
- To better understand the kinetics of sulfamethoxazole degraders in pure culture as well as 
upon bioaugmentation to activated sludge systems. 
- To investigate the potential influence of retransformation processes of the two main human 
metabolites, i.e. N4-acetyl-SMX and sulfamethoxazole-N1-glucuronide, on the fate of sulfa-
methoxazole under activated sludge processes. 
- To study the effect of redox potentials for wastewater treatment, e.g. aerobic and anoxic 
conditions, on the transformation rates of the three targeted compounds by both activated 
sludge and bioaugmented activated sludge with SMX degrading strains. 
- To develop a bioaugmentation strategy for the continuous removal of SMX containing 
wastewater. A membrane bioreactor (MBR) was used to prevent washout of microbes, thus 
maintaining the survival and activity of the bioaugmented strain. The effect of operational 
conditions, e.g. HRTs, acetate as additional carbon source, SMX shock loading, on the re-
moval of SMX was also tested.   
- Develop and calibrate a model to describe the removal of the three compounds in the tested 
systems 
An overview of all chapters is mentioned below: 
Chapter 1 gives an introduction on MPs in the environment and the fate of these compounds in 
WWTPs as well as factors that could affect the removal of these compounds from WWTPs. Also, an 
overview of bioaugmentation as advanced technology for MPs removal from WWTPs is given.  
Chapter 2 deals with characterization of kinetics of sulfamethoxazole degraders. A strain identi-
fied as Achromobacter denitrificans PR1 was previously isolated and found to be capable of using sul-
famethoxazole (SMX) as a sole source of carbon, nitrogen and energy with the accumulation of 3-
amino-5-methylisoxazole as degradation metabolite that is less toxic than the parent compound SMX. 
This chapter investigated the kinetics of sulfamethoxazole (SMX) degradation by Achromobacter de-
nitrificans strain PR1 at a wide range of concentrations, from mg L-1, μg L-1 to ng L-1 (environmentally 
relevant concentrations). The necessity for an additional carbon source, e.g. acetate and/or succinate 
for enhancing SMX degradation; and a comparison of the kinetics to literature values for WWTP 
sludge was performed to assess the feasibility of using the strain for bioaugmentation purposes. 
In Chapter 3, the A. denitrificans strain PR1 was studied for bioaugmentation in suspended acti-
vated sludge process for enhancing SMX removal from wastewater. Different batch experiments were 
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conducted to also test (i) the potential of human metabolites, i.e. N4-acetyl-SMX and sulfamethoxa-
zole-N1-glucuronide, to convert back to parent SMX; (ii) necessity for supplementing with a biogenic 
substrate (e.g. acetate) to achieve a sufficiently interesting kinetic for SMX removal upon bioaugmen-
ation with PR1; (iii) effect of redox conditions, i.e. aerobic and anoxic conditions, on the transfor-
mation rates of targeted compounds. A suitable mathematical model was applied in order to examine 
more the metabolic mechanism, as well as to predict the kinetics of SMX biotransformation and hu-
man metabolites retransformation in the bioaugmented and non-bioaugmented systems, under the dif-
ferent tested conditions. 
In Chapter 4, bioaugmentation of A. denitrificans strain PR1 to MBR reactors were conducted 
to examine the potential for the ability and stability of the strain to degrade SMX over a long-term pe-
riod. The influence of HRTs, supplementing of acetate as additional carbon source as well as shock 
loading on the reactor performances were also examined. A qPCR method targeting the strain-specific 
marker gene (Cas1), was developed for monitoring the survival of A. denitrificans in both bioaug-
mented and non-bioaugmented MBR reactors upon the bioaugmentation of PR1 for enhancing SMX 
removal from wastewater.  
Finally, in Chapter 5, the obtained results are discussed within the framework of the research 






2. IMPACT OF BIOGENIC SUBSTRATE ON SMX BIODEGRADA-
TION KINETICS BY ACHROMOBACTER DENITRIFCANS STRAIN 
PR1 
Abstract 
Pure cultures have been found to degrade pharmaceutical compounds. However, these cultures 
are rarely characterized kinetically at environmentally relevant concentrations. This study investigated 
the kinetics of sulfamethoxazole (SMX) degradation by Achromobacter denitrificans strain PR1 at a 
wide range of concentrations, from ng L-1 to mg L-1, to assess the feasibility of using it for bioaugmen-
tation purposes. Complete removal of SMX occurred for all concentrations tested, i.e. 150 mg L-1, 500 
µg L-1, 20 µg L-1, and 600 ng L-1. The reaction rate coefficients (kbio) for the strain at the ng L-1 SMX 
range were: 63.4±8.6, 570.1±15.1 and 414.9±124.2 L.gXss-1.d-1, for tests fed without a supplemental 
carbon source, with acetate, and with succinate, respectively. These results were significantly higher 
than the value reported for non-augmented activated sludge (0.41 L.gXss-1.d-1) with hundreds of ng L-1 
of SMX. The simultaneous consumption of an additional carbon source and SMX suggested that the 
energetic efficiency of the cells, boosted by the presence of biogenic substrates, was important in in-
creasing the SMX degradation rate. The accumulation of 3-amino-5-methylisoxazole was observed as 
the only metabolite, which was found to be non-toxic. SMX inhibited the V. fischeri luminescence after 
5 min of contact, with EC50 values of about 53 mg L-1. However, this study suggested that the strain 
PR1 still can degrade SMX up to 150 mg L-1. The results of this work demonstrated that SMX degrada-
tion kinetics by A. denitrificans PR1 compares favorably with activated sludge and the strain is a poten-
tially interesting organism for bioaugmentation for SMX removal from polluted waters. 
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2.1. Introduction  
The term antibiotic is used to denote a chemotherapeutic agent that inhibits or abolishes mi-
crobes by specific interactions with bacterial targets. In 2013, the population-weighted EU/EEA mean 
consumption of antibiotics was 22.4 defined daily doses (DDD) per 1000 inhabitants per day, repre-
senting a continuing increase over the last five years for the EU as a whole (ECDC, 2014). Antibiotics 
have been reported to contaminate the natural environment in many countries in Europe, North Ameri-
ca and Asia and sulfamethoxazole (SMX) is ubiquitously present, having been detected in river water 
(Batt et al., 2006a; Gonzalez-Pleiter et al., 2013; Kolpin et al., 2002; Tamtam et al., 2009; Watkinson 
et al., 2009; Xu et al., 2007), groundwater (Hirsch et al., 1999; Lindsey et al., 2001; Sacher et al., 
2001), drinking water (Zuccato et al., 2000), sediments (Kerry et al., 1996; Kim et al., 2009), biota 
(Kong et al., 2007) and WWTP effluents (Batt et al., 2006a; Costanzo et al., 2005; Panpan Gao et al., 
2012; Gros et al., 2010; Rosal et al., 2010; Watkinson et al., 2009). Concern regarding the environ-
mental presence of sulfonamides and other species of antibiotics has focused mainly on the potential 
spread of antimicrobial resistance due to extended exposure, even at relatively low concentrations 
(Dantas et al., 2008). Urban wastewater treatment plants (WWTPs) are considered as one of the main 
‘hotspots’ of potential evolution and spreading of antibiotic resistance into the environment (Manaia et 
al., 2016).  
Among antibiotics, sulfonamides constitute one of the most consumed antimicrobial families and 
SMX (whose structure and physical-chemical properties are provided in Table A3 – Appendix A3) is 
one of the most widely used synthetic sulfonamide antibiotics worldwide (Kumar and Xagoraraki 
2010).  SMX prevents the formation of dihydrofolic acid, a compound that bacteria must be able to 
produce in order to survive. SMX was also found to pose an ecological risk to aquatic ecosystems 
(Eguchi et al., 2004; Gros et al., 2010; Isidori et al., 2005; Nunes et al., 2005; Park and Choi, 2008). 
SMX is a low adsorptive, polar, sulfonamide antibiotic, thus its fate in aqueous environments is of high 
concern. SMX decrease in WWTPs’ effluents is mainly due to microbial activity (Müller et al., 2013). 
SMX removal was observed to be dependent on the wastewater treatment processes, and typically in-
complete. Most of the studies on biodegradation of SMX looked at the removal of these compounds by 
activated sludge (Collado et al., 2013; Drillia et al., 2005a; Müller et al., 2013; Yu et al., 2009). It is 
unanimous that efficient measures should be urgently considered to eliminate sulfonamides from 
WWTPs in order to facilitate the safe discharge and potential reuse of wastewater. 
Bioaugmentation can be an alternative to increase MP removal efficiency in WWTPs, by inocu-
lating specialized xenobiotic degrading bacteria (Van Limbergen et al., 1998). Up to now, the microbial 
transformation of SMX has been reported in some bacterial strains, mainly belonging to the genus Mi-
crobacterium (Ricken et al., 2013), Pseudomonas (Jiang et al., 2014) and Achromobacter (Bouju et al., 
2012). But so far, degradation of sulfonamides at environmentally relevant concentrations has not been 
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tested with these bacterial strains. This study focused on A. denitrificans PR1, previously isolated from 
activated sludge from a WWTP in the North of Portugal, which has the capability to use sulfamethoxa-
zole as the sole source of carbon, nitrogen and energy, with stoichiometric accumulation of a metabo-
lite, 3-amino-5-methylisoxazole (Reis et al., 2014). Previous studies with this strain, as is this the case 
for many pure culture studies, were carried out using relatively high concentrations of SMX (at the mg 
L-1 level). The aim of this work was to determine the kinetics of SMX degradation by strain PR1 at 
lower SMX concentration ranges to assess the feasibility of using it for bioaugmentation in WWTPs. It 
is hypothesized that at the low concentration levels of SMX normally found in wastewater (µg L-1 to ng 
L-1), the contaminant concentration is too low to induce the catabolic genes (Kolvenbach et al., 2014), 
and thus biodegradation may be dependent on co-metabolism, in the presence of another carbon source 
available at higher concentration. An alternative mechanism previously reported for other xenobiotic 
compound (Chong and Chiou, 2010; Egli, 2010; Oehmen et al., 2013) is a dependency on the energy 
generated through the metabolism of biogenic substrates. For the purposes of this study, succinate and 
acetate were chosen as additional, easily biodegradable substrates, since the same strain was previously 
shown to use succinate as a growth substrate (Reis et al., 2014) and acetate is a substrate that is fre-
quently present in wastewater treatment plants.  
The removal of the selected antibiotic by A. denitrificans strain PR1 and its biodegradation me-
tabolites under different conditions were investigated in order to characterize the SMX biodegradation 
capacity of the culture through assessing (i) the SMX degradation dependency on an additional carbon 
source, to understand the biodegradation mechanism involved; and ii) the kinetics of SMX degradation 
at low concentration ranges and in presence/absence of acetate/succinate, comparing it to literature val-
ues for WWTP activated sludge, to study the strain’s feasibility as a culture that can be applied for bio-
augmentation. 
2.2. Materials and Methods 
2.3.1. Chemicals and reagents 
Reagent grade (purity ≥ 99%) sulfamethoxazole, sulfanilic acid and 3-amino-5-methylisoxazole 
were purchased from Sigma-Aldrich. The isotopically labelled D4-sulfamethoxazole was obtained 
from Toronto Research Chemicals (TRC, Canada). All other reagents were of analytical grade from 
commercial sources. Individual stock standard solutions were prepared on a weight basis in methanol 
and stored at -20oC. A mixture of all pharmaceutical standards was prepared by appropriate dilution of 




2.3.2. Analytical procedure 
For the levels of mg L-1 and 500 µg L-1 of sulfamethoxazole tested, the concentration of SMX, 
sulfanilic acid and 3-amino-5-methylisoxazole was determined by direct injection using a Waters sys-
tem equipped with ultraviolet (UV) and fluorescence detectors (Waters Chromatography, Milford, 
MA, USA).  
For the lower levels of SMX tested, the concentration of SMX and 3-amino-5-methylisoxazole 
was determined by direct injection using a high performance liquid chromatography coupled to tan-
dem mass spectrometry (LC-MS/MS) using a Dionex Ultimate 3000 system from Thermo Scientific. 
A detailed description of the analytical methods used is provided as Apppendix A. 
The acetate and succinate concentrations were determined by high-performance liquid 
chromatography (HPLC) using an IR detector and a BioRad Aminex HPX-87H column. 0.01 N 
sulfuric acid was used as eluent, with an elution rate of 0.6 mL/min and a 50oC operating temperature. 
2.3.3. SMX degradation by A. denitrificans strain PR1 
SMX degradation at concentrations of mg L-1, µg L-1 and ng L-1 were conducted to determine the 
effect of SMX concentration levels on the mechanism of SMX degradation by strain PR1. Experiments 
were performed to: (i) confirm the ability of strain PR1 to degrade SMX in the absence of additional 
sources of carbon and energy; (ii) evaluate the effect of acetate or succinate as a source of supplemental 
carbon and energy on the degradation rate; (iii) evaluate the fractions of total degradation which could 
be attributed to adsorption and biodegradation. Experiment 1 assessed SMX degradation with no addi-
tional carbon source added, experiment 2 contained additionally 0.59 g L-1 acetate, experiment 3 con-
tained 0.59 g L-1 succinate instead of acetate, as additional C-source, and in experiment 4, NaN3 (2 g L-
1) was added to stop bacterial activity and assess SMX adsorption. For the concentration of 150 mg L-1 
of SMX tested, experiment 3 was supplemented with yeast extract (YE) (0.2g L-1) as source of vita-
mins. All the tests were conducted in mineral medium B (Barreiros et al., 2003), with 0.5 g L-1 ammo-
nium sulfate as nitrogen source (here designated MMBN). For all of the SMX biodegradation experi-
ments, the cells were harvested by centrifugation (15 min, 7000 rpm in a Sigma® 4-16KS centrifuge), 
washed twice with saline solution (NaCl, 8.5 g L-1) and once with MMBN. Then the pellet was resus-
pended in MMBN to get an initial cell suspension concentration ranging from 0.02-0.09 g biomass L-1. 
Growth was monitored with optical density measurement at 600 nm using Hatch Lange DR 2800 spec-
trophotometer. Biomass concentration was estimated from a correlation of optical density (OD600nm) to 
dry weight. For strain A. denitrificans PR1, biomass concentration (mg L-1) = OD600nm * 0.526 g biomass 




Tests at SMX levels of 150 mg L-1 and 500 µg L-1, 20 µg L-  and 600 ng L-1 
All tests were conducted in 500 mL Erlenmeyer flasks. The final volume (after addition of the 
inoculum) for each test was 200 mL,where SMX was fed at 150 mg L-1, 500 µg L-1,  20 µg L-1 and 600 
ng L-1, with and without addition of acetate (10 mM) and/or succinate (5 mM) as additional C-sources. 
All experiments were performed in duplicate. 
Cultures of 150 mg L-1 and 500 µg L-1 were incubated at 30°C on a shaker at 150 rpm. At regu-
lar intervals, 6 mL samples were taken for SMX quantification, which was carried out using a Waters 
system equipped with ultraviolet (UV) and fluorescence detectors (Waters Chromatography, Milford, 
MA, USA). 
The assays of 20 µg L-1 and 600 ng L-1 were carried out at 20°C. 6 mL samples were frequently 
taken for SMX quantification using a high performance liquid chromatography coupled to tandem 
mass spectrometry (LC-MS/MS) using a Dionex Ultimate 3000 system from Thermo Scientific.  
Experiments were also performed to assess paired substrate competitive inhibition on SMX deg-
radation at 20 µg L-1 of SMX. In this case, succinate and acetate were spiked at a concentration of 2.5 
and 5 mM, respectively.   
2.3.4. Determination of kinetic parameters 





    (2.1) 
Where, S is the soluble compound concentration (g L-1), t is the time (d), biok  the reaction rate 
constant ( 1 1
SSLg d
  ), and SSX  the suspended solids concentration (g L
-1). The software Aquasim was 
used to simulate the SMX removal and estimate the reaction rate coefficient, biok . 
The specific growth rate was calculated using Equation 2.2. 
0
tX X e             (2.2) 
where t  represents time, X  biomass concentration and 0X  biomass concentration at t=0. The 











  (2.3) 
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where t  represent the time, tS and 0S  represent the substrate content at time t  and t  = 0, respec-
tively. tX is biomass concentration at time t and 0X  is biomass concentration at t = 0. 
For the batch test performed at 30oC, the specific growth rate at 20oC was calculated based on 












  (2.4)     
where 2  and 1  are specific growth rates at 2 temperatures, 2 and 1 , respectively. Many pro-
cesses follow this model, often with a 10Q near 2 (Cossins  Bowler, K., 1987). 
2.3.5. Ecotoxicity tests 
The freeze-dried luminescent bacteria (Vibrio fischeri DSM 507) were purchased from DMSZ 
(Braunschweig, Germany). V. fischeri was reactivated in Zobell Marine Broth (Himedia) and the bio-
mass was cryopreserved on glycerol (15%, v/v) at -80°C. Toxicity of both SMX and its main metabo-
lite (3A5MI) towards V. fischeri was assessed according to the Standard Microtox® Procedure (EN 
ISO/DIS 11348-3). A single colony of V. fischeri previously grown on Marine Broth Agar was used to 
inoculate Marine Broth and the culture was incubated at 20°C for 20 h, 120 rpm. The biomass was 
collected by centrifugation and resuspended in Microtox® reconstitution solution.  
SMX and 3A5MI standards were prepared in distilled water and sterilized by filtration (nylon 
syringe filters, 0.22 µm, 25 mm, VWR). The range of SMX and 3A5MI concentrations used were 0.7 
– 76.0 mg L-1 (2.8-300 µM) and 0.3 – 88.3 mg L-1 (2.8-900 µM), respectively. Tests were performed 
on 96-well microplates and incubated at 15°C and 120 rpm. Luminescence measurements were per-
formed using Synergy HT Multi-Mode Microplate Reader (Biotek Instruments, USA). 
EC50 and EC20 values, respectively representing the effective concentration necessary to reduce 
half or 20% of the initial luminescence, were calculated according to the standard procedure after 5 
min of contact. 
2.3. Results  
2.3.1. Degradation of SMX and biogenic substrates by A. denitrificans strain PR1  
In this study, batch tests were initially carried out at a concentration of 150 mg L-1 of SMX to deter-
mine the kinetics using the conditions employed for pre-culturing (Figure 2.1). For the level of 150 mg 
L-1 SMX, the removal of the antibiotic with inactivated biomass (experiment 4) was 8% (data not 
shown). In experiment 1, in the absence of other carbon source, almost no biomass growth was ob-
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served (Figure 2.1), but approximately 91% of SMX was degraded by strain PR1 after 51 hours, ruling 
out co-metabolism. In the presence of additional carbon source, two patterns of SMX degradation 
could be observed: (i) simultaneous degradation of succinate and SMX could be observed in the first 
23.5 hours, (ii) followed by faster SMX degradation during the remaining period after succinate had 
been completely consumed (Figure 2.1). Furthermore, as shown in Figure 2.2, 3-amino-5-
methylisoxazole (3A5M) was observed to be the main metabolite identified, as the other biodegrada-
tion metabolite (sulfanilic acid) was not observed to accumulate. 
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Figure 2.1. Relative change of SMX concentration, biomass concentration and C-sources over 
time by A. denitrificans strain PR1 in mineral medium B supplemented with 150 mg L-1 of SMX 
in the presence or absence of other carbon source (0.59g L-1 of succinate) 
 
Figure 2.2. Accumulation of 3-amino-5-methylisoxazole during degradation of SMX by A. 
denitrificans strain PR1. Bars represent standard deviation of two independent experiments 
 
The tests carried out with concentrations closer to the values found in wastewater showed a dif-
ferent behavior, where the removal of the biogenic substrate did not precede SMX degradation, but 
both compounds were removed either simultaneously (Figure 2.3), or the biogenic substrate was even 
removed after SMX (Figures 2.4 and 2.5). Furthermore, the SMX removal increased significantly in 
the presence of acetate/succinate (Figures 2.3, 2.4 and 2.5). This effect was observed with both bio-
genic substrates when fed individually, and also when both compounds were added simultaneously. 
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For the tests fed with 500 µg L-1, SMX showed a removal of 44.5±8.8%, 90±2% and 2.4±0.6% of 
SMX in the experiments which consisted of only SMX, of supplementing with 10 mM of acetate as 
additional carbon source, and in the control, respectively. These results suggest that the higher SMX 
degradation by strain PR1 is either due to higher energetic efficiency with the biogenic substrate or 
due to the increase in biomass concentration. However, in the batch tests fed with 600 ng L-1 and 20 µg 
L-1 of SMX, there was a removal of >90% of SMX in the first 4 hours and 8.5 hours in the tests with 
acetate and succinate, respectively, while negligible biomass growth was observed during this period. 
In contrast, in the absence of additional carbon source, only about 71% and 46 % of SMX was re-
moved after 8.5 hours for the concentration of 600 ng L-1 and 20 µg L-1 of SMX, respectively (Figures 
2.4A and 2.5A). These results suggest that the presence of the biogenic substrate led to the increased 
SMX removal by strain PR1. 
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Figure 2.3. Relative change of SMX concentration (a) and biomass content and C-sources (b)  
over time by A. denitrificans strain PR1 in MMBN supplemented with 500 µg L-1 of SMX in the 



























































































Figure 2.4. Relative change of SMX concentration (a), C-sources (b) and  biomass content (c) 
over time by A. denitrificans strain PR1 in MMBN supplemented with 20 µg L-1 of SMX  in the 

















































































Figure 2.5. Relative change of SMX concentration (a) and C-sources (b) and biomass content 
(c) (over time by A. denitrificans strain PR1 in MMBN supplemented with 600 ng L-1 of SMX in 
the absence or presence of a supplemental carbon source, i.e. acetate or succinate 
2.3.2. Modelling cellular growth and SMX degradation of A. denitrificans strain PR1 
The average specific growth rate of strain PR1 was determined for the concentrations of 600 ng 
L-1, 20 µg L-1 (Table 2.1) using either succinate or acetate as growth substrate. It was found that 
growth was not inhibited by SMX at these low levels. SMX was removed prior to biogenic substrate 
consumption and the growth on acetate and succinate did not seem affected by the initial exposure to 
SMX in the ng L-1 to µg L-1 range. The specific growth rate was higher for succinate vs acetate as well 
as the yield of biomass grown on succinate vs acetate Table 2.1.    
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The kinetic rate coefficients of SMX degradation were determined using the data obtained at 
different SMX concentrations. Figure 2.6 shows the experimental results and the model simulations of 
SMX degradation for the tests fed with 20 µg L-1, and 600 ng L-1 of SMX in the presence of acetate or 
succinate. Good agreement between the experimental data and model simulations indicate that the first 
order kinetics expressed by Equation 1 represents the data well, except for the case of SMX in the ab-
sence of an additional C-source (Figure 2.6). In this case, the biodegradation tendency deviates slightly 
from first order kinetics, since the reaction rate slows down after removal of approximately 50% of the 
SMX. Perhaps the lack of biogenic substrate caused there to be a limited amount of energy available in 
the cells to degrade all of the SMX present. 
Table 2.1. Specific growth rate (µ) and biomass yield (Y) of A. denitrificans strain PR1 in MMBN 
in the presence of 5mM of succinate or 10 mM of acetate 
 SMX (600 ng L-1) with SMX (20 µg L-1) 
 Succinate Acetate  Succinate Acetate 
µ (
1d  ) 3.73±0.04 2.22±0.02 3.71±0.04 2.30±0.12 
Y (gcell dry weight/gsubstrate) 0.396±0.013 0.236±0.003 0.445±0.050 0.325±0.022 
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Figure 2.6. Measured and modeled data of SMX degradation at 20 µg L-1 of SMX (A) and 600 ng 
L-1 of SMX (B) in the aerobic batch experiment in the presence of acetate/succinate. SMXi and 
SMX0 indicates the SMX concentration at time i and time 0, respectively 
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A summary of the kinetic reaction rate coefficients is shown in Table 2.2 for SMX degradation 
by A. denitrificans strain PR1 in the presence and absence of additional carbon sources at different 
concentration levels. It is clear from Table 2.2 that the first order reaction rate coefficients (kbio) in-
creased significantly in the presence of an additional easily biodegradable substrate or mixed sub-
strates. It was observed though that the reaction rate coefficient in the test fed with both succinate and 
acetate substrates was lower than for the tests fed with acetate or succinate individually. This suggests 
that there occurred a competition for substrates when multiple carbon sources are fed simultaneously. 
The results demonstrated that the kinetics of SMX degradation by A. denitrificans strain PR1 in 
this study compares favorably with activated sludge from other studies (Table 2.2). The kbio of the cul-
ture was about 2 and 3 orders of magnitude higher for tests fed without and with a supplemental car-
bon source (acetate/succinate), respectively, than that of non-augmented activated sludge of 0.41 L 
gXss-1 .d-1 (Plósz et al., 2010b) and 0.3 L gXss-1 d-1 (Suárez et al., 2010).  
Table 2.2. Reaction rate coefficient (kbio) for SMX degradation by A. denitrificans strain PR1 and 
comparison with other biological systems 
Biomass Matrix SMX concentration kbio (L gXss-1 d-1) Reference 
A. denitrificans Media w/o other C-
source 
600 ng L-1 63.4±8.6 This study 
A. denitrificans Media with acetate 600 ng L-1 570.1±15.1 This study 
A. denitrificans Media with succinate 600 ng L-1 414.9±124.2 This study 
A. denitrificans Media w/o other C-
source 
20 µg L-1 56.2±3.7 This study 
A. denitrificans Media with acetate 20 µg L-1 445.6±24.2 This study 
A. denitrificans Media with succinate 20 µg L-1 372.0±24.3 This study 
A. denitrificans Media with mixed sub-
strates of acetate and 
succinate 





800 ng L-1 0.41 (Plósz et al., 2010b) 
Nitrifying aer-
obic AS 
Synthetic feed 20 µg L-1 0.3 (Suárez et al., 2010) 
2.3.3. Toxicity tests for SMX and biodegradation metabolite 3A5MI 
The bioaugmentation process must ensure that the target pollutant is degraded into harmless 
compounds. Given A. denitrificans strain PR1 degrades SMX with the stoichiometric accumulation of 
3A5MI, the toxicity of this metabolite was assessed, and compared to that of the parent compound. No 
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inhibition of the V. fischeri luminescence occurred, even when the 3A5MI concentration was 1.5 times 
higher than that formed in the 150 mg L-1 SMX assays. In contrast, SMX inhibited the V. fischeri lu-
minescence after 5 min of contact, with EC50 values of about 53 mg L-1 (~200 µM) (Table 2.3).  
Table 2.3. Average EC50 and EC20 values of SMX and 3A5MI 
Reference compound Concentration range (mg L-1 ) EC50 (mg L-1) EC20 (mg L-1 ) 
SMX 0.7-76.0 52.7 23.9 
3A5MI 0.3-88.3 No inhibition No inhibition 
2.4. Discussion  
The removal of SMX in biological processes could potentially be due to abiotic losses (i.e. vo-
latilization, hydrolysis), biodegradation or bio-sorption. However, low removal of SMX was observed 
in the control tests during the experimental period. Indeed, a low Henry's Law constant (6.4x10-13 
atm.m3/mol (Kimura et al., 2004)) indicates that SMX is expected to be essentially nonvolatile from 
water surfaces, which was corroborated in previous studies (Li and Zhang, 2010; Perez et al., 2005). 
Moreover, SMX was found to have a low solid-water distribution coefficient (Kd) (Carballa et al., 
2008),  ranging between a log Kd of 0.8 and 1.8 in digested sludge at different operational conditions, 
indicating that this compound does not sorb onto sludge to an appreciable extent. The n-octanol water 
distribution coefficient (Kow) of SMX also had a low value (log Kow of 0.89 (Kolpin et al., 2002)), 
(ECDC (2014) indicating that the lipophilic interactions of SMX with the lipid fraction of sludge (i.e. 
absorption) should not be significant. The compound could also be adsorbed onto the surface of mi-
croorganisms due to the establishment of electrostatic interactions. SMX exhibits a positively charged 
amino group at a pH <pKa1 (1.9), and a negatively charged conjugate due to the loss of the sulfona-
mide proton at pH > pKa2 (5.7). Thus, the test conditions did not favor the interactions between SMX 
and the negatively charged surface of microorganisms. Indeed, the results of the tests performed with 
inactivated biomass in this study confirmed that abiotic processes had negligible contribution to SMX 
removal. 
A. denitrificans strain PR1 was found to be capable of mineralizing the aniline moiety of SMX 
with the stoichiometric accumulation of 3-amino-5-methylisoxazole (3A5MI) (Reis et al., 2014), 
which lacks antimicrobial activity, and no other metabolites were detected in this study. This is con-
sistent with previous results (Reis et al., 2014). To date, only few data on SMX metabolites by biolog-
ical processes were reported. Possible SMX biodegradation pathways and postulated metabolites were 
identified using the EAWAG-BBD Pathway Prediction System (EAWAG-BBD) (Figure 2.7). Müller 
et al., (2013) reported 3-amino-5-methylisoxazole as the main metabolite when SMX was supplied as 
a co-substrate in an activated sludge process (bench scale) and hydroxyl-N(5-methyl,2-oxazle-3-
yl)benzene-1-sulfonamide as a further metabolite when SMX was provided as sole carbon and nitro-
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gen source. In a study by Gauthier et al., (2010),  hydroxyl-N(5-methyl,2-oxazole-3-yl)benzene-1-
sulfonamide was detected as stable metabolite when SMX was degraded by a consortium of fungi and 
Rhodococcus rhodochrous. In another study, aniline, 3A5MI, 4-aminothiophenol and sulfanilamide 
were the major intermediates from sulfamethoxazole biodegradation by strain Pseudomonas psy-
chrophila HA-4 (Jiang et al., 2014). In the current study, it was demonstrated that the metabolite ac-
cumulated by strain PR1 does not inhibit the luminescence of V. fischeri. 3A5MI was shown to be less 
toxic to V. fischeri than SMX, which had an EC50 of approximately 53 mg L-1 at a contact time of 5 
min. Moreover, the EC50 calculated for 3A5MI for Daphnia magna was 100 mg L-1 (Trovó et al., 
2009), showing that 3A5MI is also not toxic at a higher trophic level at the concentrations formed in 
this study. Furthermore, this intermediate product has been found to be effectively biodegraded in oth-
er processes, such as microbial fuel cells (Wang et al., 2016). The fact that 3A5MI possesses lower 
toxicity than SMX is more important when assessing an organism such as A. denitrificans PR1 for po-
tential bioaugmentation applications, since situations of increased toxicity caused by treatment pro-




                           
                            
                       
 
Figure 2.7.  Predicted transformation products of sulfamethoxazole in EAWAG-BBD 
 
In the tests conducted with only SMX addition, A. denitrificans PR1 had the ability to degrade 
SMX even in the absence of supplemental carbon substrate, succinate/acetate. In a previous study with 
A. denitrificans PR1, SMX was also shown to be degraded in the absence of other carbon source at the 
mg L-1 range (Reis et al., 2014), which is consistent with the results of this study (Figure 2.1). These 
results show that the mechanism of SMX biodegradation by A. denitrificans PR1 does not depend on 
co-metabolism in the presence of a primary substrate. In the presence of other growth substrate, this 
high concentration of SMX was degraded completely below limit of detection (LOD) levels, but there 
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was a lag phase of SMX consumption at the beginning of the test and the SMX degradation was en-
hanced after the succinate was completely consumed. The initially slower rate of SMX degradation in 
the presence of another carbon source could be attributed to a competition effect (Reis et al. 2014) and 
the fact that strain PR1 prefers taking up succinate, a readily biodegradable carbon source, as com-
pared to the antibiotic SMX.  
At the low levels of SMX, the removal rate of the antibiotic was increased in the presence of a 
biogenic substrate (acetate/succinate) or a mixture of both biogenic substrates. The consumption of 
acetate or succinate followed that of SMX in these tests suggesting that, at these concentration ranges, 
the presence of other carbon sources did not hinder the SMX degradation rate but that PR1 preferred to 
degrade SMX than the biogenic substrate.  
In most cases, at these low SMX levels, the degradation of SMX occurred at the beginning of 
the experiment without lag-phase, where no biomass growth was observed. Thus, the removal of SMX 
observed could not be justified by the increase in biomass concentration. Furthermore, the fact that 
SMX degradation occurred even in the absence of supplemental carbon source (acetate/succinate), 
again showed that SMX biodegradation was not due to co-metabolism. It is thus hypothesised that the 
supplemental carbon source (acetate/succinate), being of a biogenic nature, led to an increase in ATP 
production within the cell, which was important in increasing the SMX degradation rate. Chong et al., 
(2012) reported that biogenic substrates benefits activated sludge’s acclimation and degradation of a 
xenobiotic by enriching the energy contents of the sludge cells by shortening acclimation lag phase 
and enhancing the xenobiotic degradation rate. The author observed positive relation of the herbicide 
2,4-dichlorophenoxyacetic acid (2,4-D) conversion rate with ATP and negative relation of lag time 
with ATP which indicate that the biomass acclimation and degradation rate is most predominantly de-
pendent on the energy contents of the sludge cells. This discovery also consolidates our hypothesis. 
The presence of biogenic substrates could be an important factor at low levels of SMX concentration 
(ng to µg L-1), even in a pure culture capable of SMX degradation without other carbon sources, either 
to increase the rate of SMX transport across the cell membrane, or acting instead as a supplemental 
energy source and primary electron-donor substrate that augments the metabolic efficiency of SMX 
removal. Biogenic substrates could exert a complex set of interrelated effects during the degradation of 
xenobiotic compounds, i.e. acting as a growth inducer, reducing power regenerant, or an additional 
source of ATP. It is known that certain enzymes of microorganisms are formed only in the presence of 
specific substrates (Jacob  J., 1961), supplying energy and building blocks for protein synthesis (Egli, 
2010). The presence of biogenic substrates has been previously found to augment the degradation ki-
netics of other xenobiotic compounds, such as herbicides (Chong and Chiou, 2010; Oehmen et al., 
2013), which is consistent with the results of this study.  
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To the author’s best knowledge, the kinetics of SMX removal with and without the presence of 
biogenic substrates at environmentally relevant concentrations has not been reported yet for promising 
isolates that have been found to be capable of SMX degradation. Usually, the total biodegradation of 
SMX by strains that were isolated from activated sludge were reported over a period of one or more 
days at the mg L-1 range (Bouju et al., 2012; Herzog et al., 2013; Jiang et al., 2014). The results of this 
work clearly showed that the SMX concentration range had a large impact on the kinetics of SMX 
degradation by A. denitrificans PR1, where competition for carbon source ceased to be relevant when 
moving from the mg L-1 to ng L-1 or µg L-1 ranges. This highlights the importance of testing the kinet-
ics and behavior of xenobiotic removal by pure cultures at environmentally relevant concentration 
ranges, in this case, similar to those observed in WWTPs. 
SMX removal efficiencies in conventional WWTPs can vary from high 60% to 95% or com-
pletely removed (Carballa et al., 2004; Drillia et al., 2005a; Göbel et al., 2007; Li and Zhang, 2011; 
Miège et al., 2009; Peng et al., 2006; Xu et al., 2007; Yang et al., 2005; Yu et al., 2009), to low re-
moval efficiencies of 20-24 % (Brown et al., 2006; Rosal et al., 2010; Ternes et al., 2007). The varia-
tion of SMX removal could probably be attributed to the de-conjugation of metabolites or the differ-
ences in wastewater treatment plant operation conditions, such as HRT, or the presence of an anaero-
bic compartment, and also to differences in the bacterial community composition, in particular the 
density of SMX degraders among different WWTPs (Halling-Sørensen et al. 1998; Michael et al. 
2013). The wide range of SMX removal efficiencies of activated sludge underlies the variability in the 
abundance of organisms in WWTPs that are capable of degrading this important antibiotic. SMX bio-
degradation under aerobic conditions using conventional activated sludge showed that (at least some 
of the members of) the microbial community, composed of autotrophic nitrifying bacteria and hetero-
trophic bacteria, utilized SMX as energy, carbon and/or nitrogen source for growth (Müller et al., 
2013). Nevertheless, the fact that this compound is widely present in wastewater, and rarely fully re-
moved from WWTPs, shows that alternative WWTP operational strategies, such as bioaugmentation, 
are needed to reduce the unwanted releases of antibiotics into the environment.  
The results of this study highlight the potential in applying A. denitrificans PR1 for bioaugmen-
tation in wastewater treatment plants (WWTPs). Indeed, the kbio reaction rate coefficients of SMX 
were found to be 2-3 orders of magnitude higher than that typically observed in activated sludge 
WWTPs. Since the goal of bioaugmentation is to accelerate the removal of undesired compounds from 
wastewater, the possibility of applying A. denitrificans PR1 could only be considered if SMX is de-
graded much more efficiently than in activated sludge communities, which was indeed the case in the 
present study. Acetate, one of the biogenic substrates applied in this work that augmented the SMX 
degradation rates, is typically present in WWTPs, which could help to stimulate the activity of A. deni-
trificans PR1 during application. Moreover, the specific growth rate (µ) of A. denitrificans PR1 with 
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acetate (2.2-2.3 d-1) was observed to be higher than that of some other organisms relevant to WWTPs 
(Gujer et al., 1995), including autotrophic nitrifiers and polyphosphate accumulating organisms 
(PAOs). This suggests that A. denitrificans PR1 has the potential to establish itself in activated sludge 
communities and survive in real WWTPs, as these systems are often operated to achieve biological 
nutrient removal of nitrogen and phosphorus that promote the survival of nitrifiers and PAOs. Future 
work should address the feasibility of bioaugmenting activated sludge with A. denitrificans PR1, in 
order to achieve increased SMX removal in wastewater treatment systems. 
2.5. Conclusions  
A. denitrificans PR1 is able to degrade SMX in the presence or absence of biogenic substrates 
over a wide range of concentrations. The organism was observed to mineralize the aniline moiety of 
SMX with the accumulation of 3A5MI, which did not possess antimicrobial activity and had low toxici-
ty. The results from pure culture tests show that the kinetics of SMX degradation by A. denitrificans 
PR1 compares favorably with activated sludge at the levels of ng L-1 that are typical of wastewater, pre-
senting even higher kinetics in the presence of one or more supplemental carbon sources. It is thus con-
cluded that biogenic substrates augment the energetic efficiency of the A. denitrificans PR1 cells at low 
levels of SMX concentration (µg L-1 and ng L-1), leading to higher SMX degradation rates. Since ace-
tate is a substrate routinely present in WWTPs, this suggests that the increased efficiency in SMX bio-
degradation at low concentrations may be achievable in real wastewater, while the higher growth rate of 
A. denitrificans PR1 as compared to e.g. nitrifiers and phosphorus accumulating organisms supports its 
potential to survive in WWTPs. Furthermore, the kbio of the culture was 2 orders of magnitude higher 
than activated sludge even when acetate was not present as a supplemental substrate. Overall, these re-
sults suggest that the strain is a potentially interesting organism for bioaugmentation to achieve SMX 
removal. Further studies are required to validate the effectiveness of bioaugmenting A. denitrificans 
PR1 in activated sludge when wastewater influent is supplied, as well as to assess the removal mecha-
nisms in activated sludge.  
2.6. Acknowledgement 
This research was supported by MERMAID, an Initial Training Network funded by the People Pro-
gramme (Marie Skłodowska-Curie Actions) of the European Union's Seventh Framework Programme 







































3. BIOAUGMENTATION OF ACTIVATED SLUDGE WITH ACHRO-
MOBACTER DENITRIFICANS STRAIN PR1 FOR ENHANCING 
THE BIOTRANSFORMATION OF SULFAMETHOXAZOLE BIO-
AND ITS HUMAN CONJUGATES IN REAL REAL WASTEWATER: 
KINETIC TESTS AND MODELLING 
Abstract 
Achromobacter denitrificans PR1 has previously shown potential to degrade the antibiotic sul-
famethoxazole, whereby sulfamethoxazole biotransformation was stimulated in the presence of bio-
genic substrates. This study examined the biotransformation kinetics of sulfamethoxazole and its two 
main conjugates, N4-acetyl-SMX and SMX-N1-Glucuronide, by activated sludge and activated sludge 
bioaugmented with A. denitrificans PR1. SMX biotransformation under both anoxic and aerobic con-
ditions was tested, with and without the addition of acetate as growth substrate, to understand the 
range of applicable conditions for bioaugmentation purposes. Biological process models, such as the 
pseudo-first order kinetic and cometabolic models, were also applied and, following the estimation of 
kinetic parameters, could well describe data measured in bioaugmented and non-bioaugmented AS 
batch experiments under various test conditions. Experimental and modelling results suggest that (i) 
retransformation of the two conjugates to SMX in AS occurred under both aerobic and anoxic condi-
tions, and (ii) biotransformation kinetics of SMX can vary significantly depending on redox condi-
tions, e.g., SMX was biotransformed by AS only under aerobic conditions. Notably, SMX biotrans-
formation was significantly enhanced when PR1 was bioaugmented in AS. Addition of acetate as bio-
genic substrate is not neccessary, as PR1 was capable of enhancing the SMX biotransformation by 
using the carbon sources present in wastewater. Overall, bioaugmentation by means of A. denitrificans 
PR1 could be a viable strategy for enhancing SMX removal in AS wastewater treatment plants 
(WWTPs).  
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3.1. Introduction  
The intensive use of antibiotics for human and veterinary therapy has led to their continuous 
discharge, also in the form of conjugates, in the environment. WWTPs are not designed to remove 
these and other xenobiotic chemicals, and discharge of treated effluents into the environment has been 
a major concern due to the risk of a worldwide dispersal of antibiotic resistance genes (Michael et al., 
2013).   
Amongst antibiotics, sulfamethoxazole (SMX) is one of the most widely used synthetic sulfon-
amides worldwide. SMX enters WWTPs via human excretion in the forms of unchanged SMX (15-
25% of the excreted dose) as well as the conjugated forms N4-acetyl-SMX (Ac-SMX) (> 40%) and 
SMX-N1-Glucuronide (SMX-Glu) (9-15%) (Van der Ven et al., 1994). The two human conjugates 
have been detected in wastewater influent and effluent, and were observed to rapidly deconjugate 
during wastewater treatment (Göbel et al., 2007; Stadler et al., 2015) which was considered to likely 
explain the reported ‘negative removal’ of SMX in wastewater treatment (Plósz et al., 2010a; Stadler 
et al., 2015). This suggests the importance of investigating the retransformation of the two major 
human conjugates to parent SMX, in order to explain the reported differences in removal efficiencies  
in WWTPs (Joss et al., 2005; Plósz et al., 2010b).  
SMX removal has been shown to vary greatly, i.e. from negative (-138%) to very high (>90%) 
(Michael et al., 2013) in full-scale WWTPs, and with variability in SMX biotransformation kinetics. 
SMX was also shown to be not readily biodegradable during the 28-day test period in a closed bottle 
test (Alexy et al., 2004).  
Biotransformation has been recognized as the major elimination mechanism of SMX and its 
conjugates during biological treatment of domestic wastewater, with minor contribution of sorption 
onto sludge (due to the polar nature of these compounds). Overall, literature reports of inconsistent 
and incomplete SMX elimination suggest that novel technologies/strategies would be required if more 
stringent discharge limits for SMX and other antibiotics are enforced. Bioaugmentation can be an al-
ternative WWTP operational strategy to enable or enhance xenobiotics removal by inoculating special-
ized degrading bacteria (Van Limbergen et al., 1998). Despite the fact that bioaugmentation has been 
studied for years in wastewater treatment to reinforce biological processes, few studies have tested the 
use of bioaugmentation for enhancing the removal of xenobiotics, e.g. 17β-estradiol (Roh and Chu, 
2011), estradiol (Iasur-Kruh et al., 2011), fungicides (Wu et al., 2018). With respect to antibiotics, bi-
oaugmentation resulted in limited SMX removal when applying Microbacterium sp. strain BR1 in 
full-scale membrane bioreactors (Fenu et al., 2015), except for SMX concentrations far higher than the 
ones normally found in municipal wastewater. 
42 
 
Previously, we showed that a pure culture of Achromobacter denitrificans PR1 could exhibit 
faster biotransformation kinetics (up to two to three orders of magnitude higher) of SMX compared to 
AS alone (Nguyen et al., 2017), even at the low SMX concentrations typical of wastewater effluents. 
Given its ability to degrade SMX in the presence and/or absence of other additional carbon sources 
(acetate and succinate) at environmentally relevant concentrations (typical of e.g., wastewater efflu-
ents), the strain likely has potential for treating SMX in wastewater upon bioaugmentation. Therefore, 
the overall objective of this work was to investigate whether PR1 can enhance SMX biotransformation 
kinetics when bioaugmented to AS with real wastewater feed. Specifically, we (i) investigated the ef-
fect of redox conditions, i.e. aerobic and anoxic conditions, on the transformation rates of targeted 
compounds; (ii) assessed the potential influence of retransformation processes of the two main human 
conjugates, i.e. Ac-SMX and SMX-Glu, on the fate of sulfamethoxazole under the testing conditions; 
and (iii) evaluated the need for supplementation with a biogenic substrate (e.g. acetate) or whether the 
availability of carbon sources in wastewater could serve as biogenic substrates to achieve a sufficiently 
interesting kinetic for SMX removal upon bioaugmentation of AS with PR1. Modelling the fate of 
xenobiotics in WWTPs can be a useful tool to understand their removal mechanisms, predict and re-
duce their emissions with treated effluent through process optimization. Specifically, the Activated 
Sludge Modelling framework for Xenobiotics (ASM-X), has been previously used to predict the fate 
of SMX in biological treatment systems (Plósz et al., 2010b) and to identify factors (influent concen-
tration of conjugates, solid residence time) possibly explaining the variability in SMX removal 
efficiencies (Polesel et al., 2016). In this context, suitable mathematical models were developed to ex-
amine the metabolic mechanism and predict kinetics of SMX and human conjugates biotransformation 
upon bioaugmentation of A. denitrificans PR1 into AS. 
3.2. Materials and methods 
3.3.1. Laboratory lab-scale experiments - Bioaugmentation of AS for enhancing SMX biotrans-
formation 
3.2.1.1. Culture media 
Bacterial inoculum was grown in mineral medium B, supplemented with ammonium phosphate 
at concentration of 400 mM (designated as MMBN), as previously described by (Reis et al., 2014). 
The cells were harvested by centrifugation (7000 x g for 10 min at 20oC using a Sigma® 4-16KS cen-
trifuge), and rinsed three times with fresh MMBN medium to remove the trace amount of SMX re-
maining from the culture medium before augmenting to the reactors to get an initial cell suspension 
concentration of approximately 0.05-0.06 mgbiomass L-1. 
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3.2.1.2. Batch tests 
Biotransformation of SMX and the two main human conjugates by AS and bioaugmented AS 
was assessed in a series of batch experiments in 1 L jacketed glass reactors. Dried compressed atmos-
pheric air or pure nitrogen were continuously sparged by a diffuser placed at the bottom of each reac-
tor to create aerobic or anoxic conditions, respectively. Temperature was controlled at 20°C using an 
external recirculating bath and pH was monitored and maintained between 7.0-7.4 by the addition of 
HCl (0.2 M) or NaOH (0.2 M), using pH controllers (HI8711, Hanna Instruments, US) with dual set 
point. 
For all experiments, primary effluent wastewater and AS (from a Modified Ludzack Ettinger 
system) collected from the Chelas WWTP (Lisbon, Portugal) were used. More information about Che-
las WWTP is provided in Appendix B3 and Table B3. AS and primary effluent were seeded to the 1 L 
glass reactors at an initial biomass concentration of approximately 3 gTSS L-1 for all the experiments. 
Overall, four types of batch tests were performed: (i) abiotic control tests; (ii) sorption tests; (iii) bio-
augmenation tests; (iv) nitrification inhibtion tests. The testing conditions are presented in Error! 
Reference source not found.. All the tests were performed in duplicate, except for the anoxic bio-
augmented AS test (An2, Table 3.1), the control 1 and the allylthiourea (ATU) nitrification inhibition 
tests. 
Abiotic control test (control 1) 
The goal of this experiment was to determine the contribution of abiotic removal mechanisms 
(stripping, sorption onto reactor walls and equipment, and abiotic chemical reactions). In this test, the 
1 L-glass-reactor was filled with Milli-Q water that was spiked with the three compounds, e.g. SMX, 
Ac-SMX and SMX-Glu at the concentrations of 10 µg L-1, 15 µg L-1 and 15 µg L-1, respectively. The 
experiment lasted 6 hours. 
Sorption tests (control 2) 
Sodium azide (NaN3) is a well know respiration inhibitor used for negative control tests in AS 




were used in previous studies for 




was used to inhibit 
AS activity. SMX, Ac-SMX and SMX-Glu were spiked into the reactors at the initial concentrations 
of 5 µg.L-1, 10 µg.L-1 and 10 µg.L-1, respectively. The tests were performed in duplicate. 
Bioaugmentation tests 
The goal of these tests was to assess biotranformation of the targeted compounds with non-
bioaugmented and bioaugmented AS with A. denitrificans PR1. Batch experiments were performed  
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during 12 to 14 hours under aerobic and anoxic conditions. In aerobic tests, the influence of a biogenic 
substrate on SMX biotransformation was assessed by adding acetate at an initial concentration of ~ 




 that is similar to the level of soluble COD typically found in many activated 
sludge WWTPs. 
 In anoxic batch tests, reactors were supplemented with an initial nitrate concentration of 80 mg 
NO3-N L-1 in the form of KNO3. Aqueous stock solutions of SMX and the two target conjugates were 
spiked to obtain an initial concentration of approximately 5 µg L-1 and 10 µg L-1, respectively. 
Table 3.1. Overview of the different testing conditions of bioaugmented and non-bioaugmented 
AS 
  Batch Feed  AS  
(gTSS L-1) 
A.denitrificans  








  ) 
ATU 
(mg L-1) 
Control  Control 1 C1 MilliQ-
water 
- - -   
 Control 2 C2 WW* ~ 3  - - ~ 650   
Nitrification-
inhibition 
 ATU WW* ~ 3  - -  30  
  Without 
ATU 
WW* ~ 3 - - - - 
Bioaugmen-
tation tests 
Aerobic A1 WW* ~ 3  0 0   
 A2 WW* ~ 3  0 137-152   
 A3 WW* ~ 3  ~ 0.05-0.06 0   
 A4 WW* ~ 3  ~ 0.05-0.06  137-152   
Anoxic An1 WW* ~ 3  0 0   
 An2 WW* ~ 3 ~ 0.05-0.06  0   
WW*: wastewater from the effluent of a primary sedimentation tank was centrifuged at 10000 x g for 15 min at 4oC, and then 
filtered through Whatman® Glass microfiber filters, pore size 1.2 μm binder free, Grade GF/C before feeding to the reactors. 
Nitrification inhibition tests 
To determine the contribution of ammonia oxidizing bacteria and heterotrophs to the SMX bio-
transformation in AS communities, biomass was inactivated using ATU at 30 mg L-1 (Park et al., 
2017), a copper chelator that depletes copper ions from the active center of ammonia monooxygenases 
(AMO), therefore inhibiting ammonia oxidizing activity.  
3.3.2. Chemicals and reagents 
Reagent grade (purity ≥ 99%) SMX was purchased from Sigma-Aldrich. Ac-SMX, SMX-Glu 
and isotopically labelled Ac-SMX-d4, SMX-d4-Glu, SMX-d4 were obtained from Toronto Research 
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Chemicals, Inc. (TRC, Canada). Individual stock standard solutions were prepared on a weight basis in 
methanol and stored at -20oC. HPLC-grade methanol was supplied by Merck (Darmstadt, Germany). 
3.3.3. Sample preparation and analytical procedures 
Samples collected along the tests were centrifuged for 5 min at 8000 xg, followed by syringe 
filtration through 0.2 µm cellulose Whatman filters and stored at -20oC prior to analysis of soluble 
chemicals. 
The acetate concentrations were determined by high-performance liquid chromatography 
(HPLC) using an IR detector and a BioRad Aminex HPX-87H column. 0.01 N sulfuric acid was used 
as eluent, with an elution rate of 0.6 mL/min and a 50oC operating temperature. 
Total and volatile suspended solids (TSS, VSS) were determined according to Standard 
Methods (APHA, 1995). Ammonium, nitrate and nitrite concentrations were measured using a 
segmented flow analyzer through the Skalar San++ system. Samples were also analyzied for soluble 
COD (sCOD) using HACH-lange test kits and a DR2800 spectrophotometer (HACH, Germany).  
Analysis of SMX and the two human conjugates was performed on a high performance liquid 
chromatography coupled to tandem mass spectrometry (HPLC-MS/MS) using a Dionex Ultimate 3000 
system from Thermo Scientific. Detailed descriptions of the sample preparation and analytical meth-
ods used are provided as Appendix B2.  
3.3.4. Determination of kinetic parameters-modelling approach 
3.2.4.1. Modelling assumptions 
In this study, we hypothesized that (i) only retransformation of the two conjugates, e.g. Ac-
SMXl and SMX-Glu, will occur through deconjugation to form the parent compound SMX and that 
(ii) the dissolved compounds are the only biodegradable fractions. Thus, the biotransformation of 
SMX includes two processes: (i) formation of SMX due to the retransformation (deconjugation) of 
Ac-SMX and SMX-Glu; (ii) simultaneous elimination of SMX. 
3.2.4.2. Model implementation and estimation of parameters 
In this study, the biotransformation rate of the three target compounds was calibrated using the 
ASM-X modelling framework (Plósz et al., 2012, 2010b; Polesel et al., 2016).   
Deconjugation of the two human conjugates (Ac-SMX and SMX-Glu) to form the parent com-
pound SMX is described by a pseudo-first order kinetic model (Table 3.2, process (1) for aerobic and 
process (9) for anoxic removal), thus allowing the estimation of the biotransformation rate coeffi-
cients, e.g. kDec,Ox or kDec,Ax  (L gTSS-1 d-1). 
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For the biotransformation of SMX under aerobic conditions, both pseudo-first order and comet-
abolic models were implemented to test which one could appropriately predict SMX biotransformation 
(Table 3.2). The cometabolic biotransformation model (Plósz et al., 2012) consisted of two biotrans-
formation rates: the enhanced rate in the presence (qbio, L d-1 g-1)  and the pseudo-first order rate in the 
absence (kbio, L d-1 g-1) of growth substrates. Accordingly, biotransformation kinetics of the cometa-
bolic substrate (e.g. micropollutants) depend on the readily biodegradable growth substrates, SS 
(mgCOD L-1). SS was determined as the difference between soluble COD (sCOD, measured during the 
experiments) and soluble inert COD (SI – calculated according to (Roeleveld and Van Loosdrecht, 
2002)). The initial SS concentration of the pre-clarified municipal wastewater used in this study ranged 
between 41 and 128 mgCOD L-1. Parameters that could not be identified through model calibration to 
experimental results (i.e. heterotrophic yields YH, substrate affinity constant KS) were adopted from 
literature (Henze et al., 2000). Concentration profiles of acetate, expressed as sCOD, were used to cal-
ibrate the maximum specific growth rate of heterotrophs µH (Table B5 and Figure B2, Appendix B). 
The estimated parameters included: (i) biotransformation rate constants of the AS (kbio,AS) and the bio-
augmented strain (kbio,PR1) in the absence of primary substrate; and (ii) the cometabolic biotransfor-
mation rate constants of the AS (qbio,AS) and the bioaugmented strain (qbio,PR1) in the presence of the 
primary substrates. Each batch test was designed to determine a specific kinetic constant and is de-
scribed in Table 3.3. The model was implemented in Aquasim 2.1d (Reichert, 1994) and the embed-
ded secant method was used for parameter estimation.   
In our study, experimental data from A1, A4, An1 and An2 tests were used for the model cali-
bration and estimation of the biotranformation rate constants of SMX and the two human conjugates 
by AS and A. denitrificans PR1 under aerobic and anoxic conditions (Table 3.3).  
For model calibration, the kbio,AS value was approximated based on process (2) (Table 3.2) using 
the tangent value of the linear regression line fitted to measured data obtained in the primary substrate 
limitation period (from 6 hours to 14 hours, after retransformation was completed and growth sub-
strates were depleted (Figure 2a). KD values (shown in Table 3.2) were used to assess the sorption 
fraction, while the constant value XAS in Table 2 represent activated sludge (AS) biomass concentra-
tion. Process (1), (4) and (6) (Table 3.2) allows estimation of qbio,AS, using the kbio,AS value obtained 
above, the KD value (shown in Table 3.2), and a constant value for XAS.  
 Data obtained from the bioaugmented test A4 was used to determine the cometabolic biotrans-
formation rate constant of A. denitrificans PR1, i.e. qbio,PR1. Biotransformation of SMX in this experi-
ment was attributed to the activity of both AS and the strain PR1 (Table 3.2, process (1), (4), (5) and 
(6)) and characterized by the biotransformation rate constants of AS (kbio,AS and qbio,AS) and of PR1 
(kbio,PR1 and qbio,PR1). Biotransformation kinetic associated with AS were previously estimated through 
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calibration against A1 test results, while kbio,PR1 was derived from our previous study under primary 
substrate limitation (Nguyen et al., 2017).  
The biotransformation of SMX under anoxic conditions is predicted using pseudo-first order ki-
netics, thereby allowing for the estimation of the biotransformation rates kbio,Ax (L gSS-1 d-1).  
Experimental results from An1 were used to determine the retransformation rate, i.e. kDec,Ax and 
SMX biotransformation kinetics of AS, i.e. kbio,AS, under anoxic conditions using processes (7) and (8) 
(Table 3.2). The anoxic kbio,AS was then used as an input for predicting An2 results and estimating the 
biotransformation rate coefficient of strain PR1 (kbio,PR1) using processes (7), (8) and (9) (Table 3.2).  
3.2.4.3. Model validation 
Two different sets of experimental results (A2 and A3) were used to validate the cometabolic 








Table 3.2. Stoichiometric (Gujer) matrix of the ASM-X for processes of parent compound retransformation, biotransformation and the alternative 
cometabolic biotransformation model. Parameters and state variables for determination of MPs kinetics are described in the main text. 
Processes  i      Process rate 
 
j process CLI CCJ Ss XAS XPR1*  
Pseudo-first order kinetics – Aerobic processes 











(2) Pseudo-first order kinetics – biotransformation transformation of parent com-
pound CLI  by AS 
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(3) Pseudo-first order kinetics – biotransformation of parent compound CLI  by the 
bioaugmentation strain, i.e. A. denitrificans PR1 
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Cometabolic model – Aerobic processes  

















(5) Cometabolic enhancement biotransformation of CLI by the bio-augmentation 
strain, i.e. A. denitrificans strain PR1 
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Pseudo first order kinetics – Anoxic processes
 
(7) Parent compound formation due to retransformation of human conjugates CCJ 
 








(8) Biotransformation of parent compound CLI  by AS 
 









(9) Biotransformation of parent compound CLI  by the bio-augmentation strain, i.e. 
A. denitrificans PR1 
 










*Due to short duration of the batch experiment and low S/X ratio, negligible biomass growth was assumed. 
F = ratio between molecular mass of parent compound and metabolite undergoing deconjugation. 
SS: primary substrate concentration (e.g., organic matter or acetate in some of these experiments, expressed as readily soluble biodegradable COD) considering a co-substrate (gCOD L-1). 
CLI and CCJ : the aqueous concentrations of the parent compound and the human conjugates undergoing deconjugation to the parent compound, respectively (µg L-1). 
kDec: retransformation rate constant of deconjugation of the human conjugates to parent compound (L gTSS-1 d-1). 
kbio_AS : is the reaction rate coefficient of biotransformation of parent compound (L gTSS-1 d-1) by AS. 
kbio_PR1: is the reaction rate coefficient of biotransformation of parent compound (L gTSS-1 d-1) by the bioaugmented A. denitrificans strain PR1. 
KS : half-saturation coefficient for SS 
KD: sorption coefficient (0.256 L gbiomass-1 for SMX - (Göbel et al., 2005)). The values are not available for N4-acetyl-SMX and SMX-N1-Glucuronide, and were thefore assumed to be equal 
to 0. 
XPR1 or XAS : biomass concentration of bio-augmented strain A. denitrificans or AS, expressed in gTSS L-1;  





Table 3.3. Model calibration and parameter estimation procedures for the batch tests performed under aerobic condition 







Process (1), (4) and (6) 
 
 




A4 (bioaugmented) Model calibra-
tion 
Process (3) 
Process (1), (4), (5) and (6) 
 







Process (1), (4) and (6) k_dec_N4_Ox, k_dec_Glu_Ox, k_bio_AS_Ox, q_bio_AS_Ox None  
A3 (bioaugmented) Model valida-
tion 













An2 (bioaugmented) Model calibra-
tion 
Process (7), (8) and (9) k_dec_N4_Ax, k_dec_Glu_Ax, k_bio_AS_Ax k_bio_PR1_Ax 
 
** k_bio_PR1_Ox was determined in our previous study (Nguyen et al., 2017), from the test with the pure culture (i.e. A.denitrificans PR1 biodegradation test) conducted in mineral 
medium supplemented with SMX as the only substrate.  
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3.3. Results and discussions 
3.3.1. Abiotic and sorption processes 
Figure 3.1 shows the evolution of SMX, Ac-SMX and SMX-Glu concentrations over the test 
period of 6 h in control test 1, revealing 1.8%, 11.4% and 11.8% removal for Ac-SMX, SMX-Glu and 
SMX, respectively. This suggests that abiotic processes had minor contribution to the removal of the 
tested compounds, in agreement with previous studies (Li and Zhang, 2010). 
To investigate sorption to AS, sodium azide (NaN3) was used to inhibit the aerobic respiration 
and suppress the microbial activity of the AS (control 2). The results showed that Ac-SMX and SMX-
Glu were transformed concomitantly with an increase in SMX concentration (Figure 3.1), indicating 
that the retransformation of the parent SMX from the two human conjugates occurred even with inac-
tivated biomass, likely via extracellular enzymes. This is in agreement with previous studies for other 
conjugates (Ramin et al., 2016). In terms of mass balance, supposing that all the human conjugates 
were converted back to SMX, there was approx. 0.02 µmol SMX formed after 4.5 hours, while there 
was a removal of approx. 0.02 µmol of the two human conjugates. Therefore, no SMX removal was 
observed in the presence of NaN3 (control 2). Since sodium azide was present at concentrations previ-
ously observed to be sufficient to inhibit the fraction of  aerobic biomass (Barbot et al., 2010), bio-
transformation of the two human conjugates could be due to the activity of facultative anaerobic bacte-
ria, which was not sufficiently inhibited by the addition of NaN3.  





















Time (h)  
Figure 3.1. Measured concentrations of SMX, Ac-SMX, and SMX-Glu as a function of time for the 
control batch tests, i.e. control 1-with Milli-Q water (continuous lines), control 2-with NaN3 (dashed 
lines) as an inhibitor. Error bars indicate the standard deviations for duplicates 
Due to the impossibility of determining the partitioning coefficient for SMX, the sorption frac-
tion was assessed considering the sorption coefficient KD obtained from previous literature. A KD val-
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ue of 0.256 L gTSS-1 (Göbel et al., 2005) was chosen as the tests in this study were performed with 
fresh AS and real wastewater, which was representative of the real WWTPs where the KD was ob-
tained. At circumneutral pH typical of activated sludge systems, SMX is predominantly speciated as 
an anion (pKa = 5.7). Possibly due to repulsion with negatively charged slugde particles, sorption of 
SMX has been generally found to be limited (Kd < 0.4 L g-1) but not negligible. Notably, the Kd value 
used is in agreement with other determinations in activated sludge (see, e.g. (Plósz et al., 2010b), 
(Abegglen et al., 2009), (Göbel et al., 2005)). Sorption of the two human conjugates onto AS was not 
considered in these experiments as no reference values of sorption coefficient were reported. Indeed, 
the pH of the mixed liquor in the tests was between 7.0-7.4, which is well above the pKa of SMX-Glu 
and Ac-SMX (pKa2 = 2.7 and 5.6, respectively). Under these experimental conditions, Ac-SMX and 
SMX-Glu exist predominantly or completely as negatively charged species in the aqueous phase. 
Hence, negligible sorption of Ac-SMX and SMX-Glu was assumed due to their high solubility and 
polar nature. In this case, kdec can be considered as a generalized rate constant.   
3.3.2. Biotransformation of SMX, SMX-Glu and Ac-SMX in bioaugmented and non-
bioaugmented AS tests 
In order to investigate the SMX transformation upon bioaugmentation of PR1 and the SMX 
retransformation in AS, several batch tests were performed: (i) A1 – only AS, aerobic conditons; (A2) – 
AS with supplementation of acetate under aerobic conditions; (A3) – AS bioaugmented with 
A.denitrificans strain PR1, under aerobic conditions; (A4) – AS bioaugmented with A.denitrificans 
strain PR1 with addition of acetate as a biogenic substrate to enhance SMX biotransformation by PR1 
under aerobic conditions; (An1) – only AS under anoxic conditions; (An2) – AS bioaugmented with 
A.denitrificans strain PR1, under anoxic conditions; and two additional tests, with and without 
allythiourea (ATU) as an inhibitor to determine the contribution of ammonia oxidizing bacteria 
3.3.2.1. Aerobic batch experiments (A1-A4) 
In general, biotransformation of the two human conjugates was almost complete for all the 
batch tests performed under aerobic conditions. This is in agreement with previous studies, showing 
>85% removal of the two conjugates in laboratory-scale (Stadler et al., 2015) and full-scale (Göbel et 
al., 2007) AS processes, or even fully eliminated in a pilot membrane bioreactor (Mamo et al., 2018). 
In the aerobic non-bioaugmented reactors (A1, A2), an increase in SMX concentration was observed 
in the first 4–6 hours followed by a slow decrease during the rest of the tests when biotransformation 
of the two human conjugates was complete (Figures 3.2a and 3.2b). Negative SMX removal was ob-
served, i.e. -43.1% and -63.8%, for the AS in tests A1 and A2, respectively. The decrease in Ac-SMX 
and SMX-Glu concentrations corresponded to increases in SMX concentrations (Figures 3.2a and 
3.2b), strongly suggesting that the two human conjugates deconjugated rapidly to form the parent 
53 
 
compound SMX under aerobic conditions. There is relatively limited knowledge on the environmental 
fate and behavior of the conjugated pharmaceuticals, but these conjugates can undergo deconjugation 
reactions where deconjugation enzymes are present, with cleavage of the conjugated moiety, resulting 
in the formation of the parent pharmaceuticals (Kumar et al., 2012; Polesel et al., 2016).  
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Figure 3.2. Illustration of measured concentrations of SMX, Ac-SMX, and SMX-Glu (markers) 
and simulated (lines) as a function of time for aerobic batch tests (A1): non-bioaugmented AS 
test (2a); (A2):  non-bioaugmented AS test with supplementation of acetate as additional C-
source (2b); (A3): bioaugmented AS with A. denitrificans PR1 test (2c); and (A4): bioaugmented 
AS with A. denitrificans PR1 supplemented with acetate test (2d). Orange dashed lines represent 
the SMX simulation if no SMX formation from the retransformation of Ac-SMX, and SMX-Glu. 
Black dashed lines represent the SMX simulation when all of Ac-SMX and SMX-Glu are con-
verted back to parent SMX, but no SMX biodegraded. Error bars indicate the standard devia-
tions for duplicates. 
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For bioaugmentation of AS with PR1, experimental results obtained in the two batches A3 and 
A4, show a comparably high rate of SMX biotransformation in the first 4 hours, followed by a rela-
tively lower SMX removal rate after the growth substrates were completed (Figures 3.2c and 3.2d). 
Similar SMX removal was observed in A3 and A4 after 12 hours, i.e. 92.5 ± 1.0% and 89.4 ± 1.5%, 
respectively. Concomitantly, complete removal of the SMX-Glu and Ac-SMX in the first 4 hours of 
the test was observed, which supposedly was converted back to SMX (Figure 3.2c and 3.2d) as sug-
gested by other studies (Polesel et al., 2016; Stadler et al., 2015).  
Relative contribution of heterotrophs and ammonia oxidizing bacteria 
Batch tests  performed in the presence of ATU showed no removal of ammonium and no 
formation of nitrate (Figure 3.3b), suggesting nitrification was completely suppressed There was 42 % 
removal of SMX after 12 hours (Figure 3.3a). No appreciable differences were observed in the remov-
al efficiency of SMX with and without ATU (Figure 3a), suggesting negligible contribution of AOB to 
the biotransformation of SMX. Also, for all the remaining aerobic batch tests (A1, A2, A3, and A4) 
performed, no ammonium removal and no nitrate formation could be observed (Figure B3) during the 
testing periods, confirming that no nitrifying activity occurred in the tested AS. Even though biotrans-
formation of SMX in AS was previously shown to correlate with  both nitrifying activity (Kassotaki et 
al., 2016; Torresi et al., 2016) and heterotrophic bacteria (Alvarino et al., 2016; Müller et al., 2013), no 
appreciable differences were observed in the removal efficiency of SMX with and without ATU (Fig-
ure 3.3a) in our study, which could be due to the fact that (i) the SMX biotransformation rate by het-
erotrophic aerobic degradation was reported to be much faster compared to autotrophic nitrification 
(e.g. kbio, h = 0.09 L/gVSS d vs. kbio, a = 0.01 L/gVSS d) (Alvarino et al., 2016); and (ii) the possible higher 
abundance of heterotrophs compared to nitrifiers. Thus, heterotrophs seem to be the dominant organ-
isms responsible for the biotransformation of SMX in the current study and the cometabolic model 
applied for all the batch tests could be based on only organic carbon (i.e. readily biodegradable sub-
strates and supplemental acetate) as the primary substrates.  
  
Figure 3.3. Effect of ATU inhibition on removal of SMX (3a) and nitrogen (3b) 
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Effect of acetate on the biotransformation of SMX 
We previously showed that the presence of a biogenic substrate, e.g. acetate or succinate, pro-
vided for an 8-fold increase of SMX biotransformation kinetics by PR1 (Nguyen et al., 2017). In the 
current study, the initial concentration of acetate was approximately 137 to 152 mg COD L-1, supple-
mented with preclarified wastewater to (i) the bioaugmented reactor (A4) (Figure 3.4b) as a biogenic 
substrate to enhance the kinetics of SMX biotransformation by PR1, and (ii) the non-bioaugmented 
reactor (A2) (Figure 3.4a) as a control for comparison purposes. Upon bioaugmentation of AS with 
PR1 (reactor A3, Figure 3.2c), with only wastewater (no acetate addition), SMX was biotransformed 
steadily and almost completely without any lag phase. In addition, the profiles of SMX in the tests fed 
with acetate were comparable to the one in the tests without (Figure 3.4a (A1 versus A2) and (Figure 
3.4b (A3 versus A4)). From these observations, we hypothesized that (i) PR1 could use other available 
carbon sources present in wastewater as biogenic substrates to enhance the SMX biotransformation 
kinetics and the addition of acetate is unnecessary for the bioaugmentation with PR1; (ii) there is no 
enhancement effect due to acetate addition on the biotransformation of SMX by AS when fed with real 
wastewater. These hypotheses were also justified with the modelling results in section 3.3.3 and 3.3.4. 
a b 
  
Figure 3.4. Measured concentrations of SMX as a function of time for the batch tests of non-
bioaugmented AS (a) and bio-augmented one (b), with and without the addition of acetate under 
aerobic conditions. Error bars indicate the standard deviations for duplicates 
3.3.2.2. Anoxic experiments 
Pure culture biotransformation tests had previously shown that the A.denitrificans PR1 is capa-
ble of biotransformation of SMX under both aerobic (Nguyen et al., 2017) and anoxic conditions (data 
not shown). Hence the extent of SMX removal under anoxic conditions was also assessed and com-
pared to those obtained in aerobic conditions.  
In the two anoxic batch tests with non-bioaugmented (An1) and bioaugmented AS (An2), most 
of the two human conjugates were removed in the first 6 hours (Figure 3.5a and 3.5b), which is in 
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agreement with Stadler et al. 2015 (Stadler et al., 2015) that observed >90% of Ac-SMX and SMX-
Glu removals under anoxic condition.  
For the non-bioaugmented reactor An1, the consumption of nitrate (Figure 3.5c) revealed deni-
trifying activity, while no net SMX removal could be observed (Figure 3.5a) overall. SMX concentra-
tion increased in the first 6 hours simultaneously with the deconjugation of the two human conjugates, 
and remained constant for the rest of the experiment. This is opposed to what was observed in denitri-
fying AS (Plósz et al., 2010b) and denitrifying MBBR sludge (Polesel et al., 2017; Torresi et al., 
2017). In contrast, in the bioaugmented reactor (An2), a slight decrease in SMX concentration was 
observed after the retransformations of the two human conjugates had completed (after 4 hours) (Fig-
ure 3.5b). This suggests a biotransformation of SMX associated with the activity of the bioaugmented 
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Figure 3.5. Illustration of measured concentrations of SMX, Ac-acetyl-SMX, and SMX-Glu 
(markers) and simulated (lines) as a function of time and nitrate consumption for the batch 
tests under anoxic conditions (An1): non-bioaugmented AS (4a); (An2): bioaugmented AS 
with A. denitrificans strain PR1 (4b). Orange dashed lines represent the SMX simulation if 
no SMX is formed from the retransformation of Ac-SMX, and SMX-Glu. Black dashed lines 
represent the SMX simulation when all of the Ac-SMX and SMX-Glu are converted back to 
SMX, but no SMX is biodegraded. Error bars indicate the standard deviations for dupli-
cates. 
3.3.3. Model-based assessment of biodegradation kinetics 
Experimental data obtained in the batches A1, A4 and An1, An2 was used for the estimation of 
the biotransformation rate constants for AS and the A. denitrificans PR1 under aerobic and anoxic 
conditions. Predicted dissolved concentration profiles of SMX and its two human conjugates during 
batch experiments are compared with measured data and shown in Figures 3.2a, 3.2d and Figures 
3.5a-b. The estimated parameters are summarized in Table 3.4. The model predictions were evaluated 
using the R-squared (R2) coefficient, shown in Figures B4-B6, and summarized in Table B4 (Appen-
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dix B). Confidence intervals were obtained by the estimation of standard deviations for a level of con-
fidence of 95% (Figures B4-B6, Appendix B). 
3.3.3.1. Kinetics of deconjugation of the two human metabolites 
Deconjugation kinetics of the two conjugates could be described with pseudo-first order kinet-
ics, in processes for aerobic (1)  and anoxic (9) conditions. For the conjugated Ac-SMX, fitting of 
measured data resulted in kDec values of 8.9 ± 0.53 L gTSS-1 d-1 for aerobic conditions, which was 
almost 2-fold higher than anoxic conditions (5.30 ± 0.21 L gTSS-1 d-1) (Table 3.4). These data agree 
well with values reported in literature for kDec of 5.9-7.6 L gTSS-1 d-1 (Joss et al., 2006b; Plósz et al., 
2010b) under aerobic conditions or 7.9 L gTSS-1 d-1 (Plósz et al., 2010b) under anoxic conditions. No 
difference in the rate constants of SMX-Glu under aerobic and anoxic conditions was obtained (4.76 ± 
0.4 and 4.74 ± 0.31 L gTSS-1 d-1, respectively). No data for the biotransformation rate coefficients of 
SMX-Glu were available in literature for comparison. Good agreement between experimental data and 
model simulations for Ac-SMX and SMX-Glu was shown, as confirmed by high R2 coefficients 
(≥0.98), indicating that pseudo-first order equations describe well the biotransformation kinetics of the 
two human conjugates. These results suggest that (i) deconjugation rate constants are well above 1 L 
gTSS-1 d-1, thus indicating high degradability for conjugates; and (ii) deconjugation kinetics depend on 
redox conditions for Ac-SMX only, being faster under aerobic conditions. 
3.3.3.2. Kinetics of SMX biotransforamtion under aerobic conditions 
The removal of SMX under aerobic conditions was predicted using different mathematical 
models for comparision (i) a pseudo-first order kinetic model; and (ii) cometabolic models. Figure 3.2 
and Figure B7 compare predicted and measured concentrations of SMX in the batches A1-A4, using a 
cometabolic model and a pseudo first order model, respectively. According to the data plotted in these 
figures, the prediction of SMX biotransformation was significantly improved by adopting the cometa-
bolic model (R2 ranged from 0.79 to 0.99, Table B4, Appendix B) compared to pseudo-first order bio-
transformation model (R2 ranged from 0.044 to 0.94). These results: (i) show that the cometabolic 
model was able to consistently describe the experimental data, with measured concentrations that fall 
well within the 95% confidence interval (Figures B4, B5, Appendix B), making the cometabolic mod-
el the relevant choice for description of the removal of SMX; (ii) support our hypothesis of the decon-
jugation of Ac-SMX and SMX-Glu results in the formation of parent compound SMX, which likely 
explains the previously observed variability/negative SMX removal efficiencies in biological treat-
ment. In this study, we also simulated two other scenarios for the fate of SMX, i.e.: (i) biotransfor-
mation of the two human conjugates leading to the formation of a compound different from SMX 
(model simulations presented as blue dashed lines in Figures 3.2 and 3.5); and (ii) all of the Ac-SMX 
and SMX-Glu are converted back to parent SMX, but no SMX is biodegraded, and the model simula-
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tion is presented as black dashed lines in Figure 3.2 and Figure 3.5. However, the model simulations in 
these scenarios were far different from the respective observed concentrations of SMX in all the batch 
experiments (Figures 3.2 and 3.5), indicating that neither situation is applicable in the current study. 
According to our simulation results, a SMX biotransformation rate constant kbio,AS of 0.47 ± 0.03 
L gTSS-1 d-1 and a cometabolic biotransformation rate constant qbio_AS of 7.97 ± 0.51 L gTSS-1 d-1 (Ta-
ble 3.4) were obtained by AS under aerobic conditions. Previous studies reported kbio,SMX of 0.14 – 
0.41 L gTSS-1 d-1 (Abegglen et al., 2009; Alvarino et al., 2016; Min et al., 2018; Plósz et al., 2010b; 
Suárez et al., 2010), in agreement with our kbio,AS result.  
For the bioaugmented AS, test A4 – with acetate supplementation, values of measured SMX 
concentration data plotted as a function of time elapsed show comparably high biotransformation rate 
in the first 4-6 hours (when primary substrate was available), followed by lower removal rate during 
the remaining time (following primary substrate depletion) (Figure 3.2d). By using the obtained pa-
rameters kbio,AS, qbio_AS from the A1 test, kbio,PR1 (56.20 ± 3.70 L gTSS d-1) from our previous study 
(Nguyen et al., 2017), fitting of measured data in the substrate depletion phase using cometabolic 
model as described in Table 3.2 resulted in estimation of qbio,PR1 = 528.39 ± 6.78 L gTSS-1 d-1. This 
qbio,PR1 value is consistent with rate constants (kbio,PR1 = 445.6 – 570.1 L gTSS-1 d-1) previously ob-
tained with PR1 when acetate was supplemented  as a biogenic substrate to enhance the biotranforam-
tion rate of SMX in pure culture biodegradation tests (Nguyen et al., 2017). Higher biotransformation 
kinetics of SMX by PR1 (qbio, PR1 and kbio, PR1), compared to the retransformation kinetics of  the two 
human conjugates (kDec), likely lead to the observation of no increase in SMX concentration in bio-
augmented AS tests (A3 and A4), differently than what was observed in non-bioaugmented AS tests 
(A1 and A2).  
In general, two different kinetic rates of theremoval of SMX are obtained for AS as well as for 
A. denitrificans PR1: a fast rate qbio when primary substrate was available and a slower rate kbio when 
primary substrate was depleted. These results can likely explain the two patterns of SMX biotransfor-
mation observed in bioaugmented batch tests A3 and A4 (Figures 3.2c and 3.2d). As a result of come-
tabolism, SMX removal was enhanced in the presence of primary substrates (as characterized by qbio), 
with a subsequent decrease of biotransformation kinetics upon primary substrate limitation (character-
ized by the kbio) at the end of the A3 and A4 tests (Figures 3.2c and 3.2d).  
Also, the significant differences between kbio and qbio imply that growth substrates (readily bio-
degradable substrates) availability can substantially impact the removal of SMX as a result of come-
tabolism. In fact, typically present in wastewater at very low concentrations (ng L-1 to μg L-1), mi-
cropollutants are unable to support cell replication and primary substrates (e.g. readily biodegradable 
carbon sources or ammonium) are essential  for  biomass growth and to induce enzymes for assimila-
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tion or co-factors for biotransformation (Arp et al., 2001). As wastewater is a complex medium where 
not only micropollutants but also organic matter and nutrients are present, which could be degraded 
simultaneously by AS, cometabolism kinetics could be suitable to predict the behavior of micropollu-
tants in real WWTPs.  
In addition, the SMX biotransformation rate constants by A. denitrificans PR1, e.g. qbio,PR1 in the 
presence and kbio,PR1 in the absence of growth substrates, are three and two orders of magnitude higher, 
respectively, than that estimated for AS, confirming a specialized biotransformation capability by PR1 
in comparison to the mixed AS community. Thus, bioaugmentation of AS with PR1 substantially en-
hanced the biotransformation rate of SMX.  
3.3.3.3. Kinetics of SMX under anoxic conditions 
SMX retransformation and removal under anoxic conditions can be predicted using pseudo-first 
order kinetics (processes (7) – (9)), thereby allowing for the estimation of kbio,Ax (L gTSS-1 d-1). In Fig-
ures 3.5a-b, simulated and corresponding measured concentrations of the three compounds in An1 and 
An2 batch experiments are plotted. High R2 values (≥0.98) were obtained, and measured concentra-
tions always fell within the 95% confidence interval (Figure B6, Appendix B), indicating that the 
pseudo-first order model was able to predict the fates of SMX and the two human conjugates obtained 
in the anoxic experiments. The estimated kbio,Ax for SMX biotransformation are 13.57 ± 2.10 and 0 L 
gTSS-1 d-1 for A. denitrificans PR1 and AS, respectively (Table 3.4). The latter value is in contrast with 
other studies. Plósz et al. (2010) obtained a SMX biotransformation rate constant of 0.41 L gTSS-1 d-1 
under anoxic conditions with AS. In other studies, values of 0.1 and 0.05 L gTSS-1 d-1 were reported 
for SMX biotransformation rate constants of heterotrophic denitrification and autotrophic denitrifica-
tion, respectively (Alvarino et al., 2016). Torresi et al. (Torresi et al., 2017) reported a rate constant 
kbio of 0.1 ± 0.1 L gTSS-1 d-1 and qbio of  1.7 and  3.2 for SMX biotransformation in a post-
denitrification MBBR system dosed with methanol and ethanol, respectively. The obtained results 
suggest that, upon bioaugmentation to AS, PR1 could also be able to degrade SMX under anoxic con-
ditions but at a significantly lower rate as compared to aerobic conditions – decreasing by 4-fold in 
terms of the rate constant (kbio,PR1) under anoxic conditions as compared to aerobic conditions (Table 
3.4).  
In the current study, we also provided a detailed description of SMX removal in AS processes 
when assessing the biotransformation of the parent compound and the deconjugation of the two major 
human conjugates (Ac-SMX and SMX-Glu) back to SMX. SMX formation from the deconjugation of 
the two human conjugates was experimentally observed and comfirmed by model-based predictions. 
Ac-SMX and SMX-Glu were detected at levels that are comparable to the SMX concentrations in 
WWTPs (Joss et al., 2005; Wang and Gardinali, 2014) (see also Table B3, Appendix B). Significant 
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retransformation of SMX can take place in WWTPs at a higher rate compared to its removal rate (Table 
3.4), resulting in the sometimes negative or varied SMX removal that have been observed in many stud-
ies. It implies that deconjugation of human conjugates should be taken into account to thoroughly un-
derstand the fate and removal of SMX during wastewater treatment.  
In general, the results of these tests highlight the potential application of A. denitrificans PR1 
for bioaugmentation for SMX removal in WWTPs. One criterion for a successful bioaugmentation is 
the metabolically active inoculum of a microorganism or consortium. Inability of the inoculated strains 
to degrade the xenobiotic chemicals once augmented into AS has been reported (McClure et al., 1991). 
One explanation given for such failure in bioaugmentation was the presence of alternative readily bio-
degradable substrates (McClure et al., 1991). In our experiments, enhancement of SMX biotransfor-
mation upon bioaugmentation of AS with PR1 was observed. Upon bioaugmentation of AS with A. 
denitrificans, without lag phase, a fast biotransformation of SMX was observed at rates similar to 
those obtained in pure culture biodegradation tests when acetate was supplemented as biogenic sub-
strate. In addition, the SMX reaction rate constant and cometabolic biotransformation rate of PR1 were 
about two orders of magnitude higher than the kinetics of AS, regardless of the presence of additional 
acetate. The fact that the strain was able to use the complex substrates present in real wastewater to 
stimulate the activity and provide energy for growth and maintenance, suggests that PR1 has a great 
potential to survive in AS communities upon bioaugmentation. Overall, bioaugmentation with PR1 
appears to be a feasible solution for enhancing SMX removal in wastewater, while further studies 
should focus on long-term biotransformation activity and stability of the bioaugmentation strain in 






Table 3.4. Model parameters and estimated kinetics for the biotransformations of SMX and the two human conjugates by activated sludge and A. 
denitrificans PR1 (PR1). Values in brackets indicate literature references. 
   Compound 
Symbol Definition  Unit  SMX-Glu Ac-SMX SMX 
   AS PR1 AS PR1 AS PR1 
Aerobic 
,Dec Oxk   Aerobic biotransformation rate coefficient 





d-1  4.76 ± 0.38  
(n.a) 
- 8.9 ± 0.53 
(5.9-7.61) 
(6.82) 
-   
,bio Oxk   
Aerobic biotransformation rate coefficient 










(0.1 ± 0.16) 
56.20 ± 3.70 
,bio Oxq   
Aerobic cometabolic-biotransformation 






- - - - 7.97 ± 0.51 
(1.7 ± 0.26) 
528.39 ± 6.78 
Anoxic 
 ,Dec Axk   
Anoxic biotransformation rate coefficient 





 d-1 4.74  ± 0.31 
(n.a) 
- 5.30 ± 0.21 
(7.92) 
- - - 
 
,bio Axk   
Anoxic biotransformation rate coefficient 





 d-1 - - - - 0 13.57 ± 2.10 
1(Joss et al. 2006b); 2(Plósz et al. 2010b); 3(Abegglen et al. 2009); 4(Suarez et al. 2010); 5(Joss et al. 2006b); 6(Torresi et al. 2017); n.a.: not available 
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3.3.4. Model validation 
The models for retransformation of SMX from the two human conjugates and cometabolic bio-
transformation of SMX were validated using the two sets of experimental results, A2 and A3, for the 
non-bioaugmented and bioaugmented cases, respectively (Figures 3.2b and 3.2c). The set of estimated 
parameter values (kDec,N4, kDec,Glu, kbio,AS, qbio,AS, kbio,PR1, qbio,PR1) was used to test the capability of the 
proposed models to predict the behaviour of the three compounds (SMX, Ac-SMX and SMX-Glu) in 
the reactors A2 and A3, providing measured data independent from those used for model identifica-
tion. Measured and predicted concentrations were compared and R2 was calculated to determine the 
extent of correlation. Good agreement between the experimental data and model simulations could be 
observed with high R2 (≥0.95, Table B4). This indicates the applicability of the model towards the 
prediction of the fate of SMX and human conjugate biotransformation by both AS and PR1 (Figures 
3.2b and 3.2d), even in the presence of an externally dosed carbon source (in this case acetate).  
As cometabolic biotransformation depend on the readily biodegradable growth substrates, SS 
(mgCOD L-1), the addition of acetate to AS would affect the biotransformation of SMX. From our 
previous study (Nguyen et al., 2017)  as well as the modelling result of the bioaugmentation test A4 
(section 3.3.3.2), there is no doubt that acetate is a biogenic substrate to enhance the SMX biotrans-
formation by A. denitrificans PR1, i.e. primary substrate for the cometabolism of SMX. For the non-
bioaugmented activated sludge (A2), we hypothesized above (section 3.3.2.1.2) that there is no en-
hanced effects of acetate on the biotransformation of SMX by AS. To test this hypothesis, for model-
ling of SMX biotransformation of non-bioaugmented AS (batch A2 – with the supplementation of ace-
tate), we tested, (i) both acetate and other readily biodegradable substrates that are present in 
wastewater (expressed as sCOD); (ii) only readily biodegradable substrates that are present in 
wastewater (expressed as sCOD) were considered as the primary substrates (SS) in the cometabolic 
model to enhance the SMX biotransformation by AS. However, only the latter option gave good fit-
ting between measured and model-based prediction (Figure B8, Appendix B vs. Figure 3.2b), suggest-
ing that the readily biodegradable substrates that are present in wastewater (expressed as sCOD) acted 
and were sufficient as primary substrates for the cometabolism of SMX by AS. Acetate was measured 
in the wastewater and it was typically below 7 mg/L, therefore the microorganisms were probably not 
particularly adapted to it. Müller et al., (2013) observed that SMX cometabolism with acetate by AS 
occurred only after a sufficient adaptation time, meaning that the supplementation of additional acetate 
might have still enhanced the SMX further if sufficient adaptation time was allowed, although little is 
known about which easily biodegradable compounds are used as primary substrates by the AS com-
munity. Although the R2 calculated for the SMX in the A2 test (Figure 3.2b) was equal to 0.79, the 
difference between measured and predicted SMX concentrations were still within the standard devia-
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tions of the measured concentrations and falls in between confidence interval boundaries (Figure B3), 
making the cometabolic model term still relevant.   
Model calibration and validation results revealed that the applied models could predict accurate-
ly the fate of SMX, Ac-SMX and SMX-Glu. Kinetic parameter values describing the biotransfor-
mation of SMX, Ac-SMX and SMX-Glu under aerobic and anoxic conditions could therefore be im-
plemented in AS models linking organic carbon removal (heterotrophic activity) and xenobiotic bio-
transformation to predict the fate of SMX in WWTPs. Overall, modelling is fundamental to under-
stand the kinetics and the contribution of different members in bioaugmented AS communities with 
respect to xenobiotic biodegradation. Thus, combining modeling and experimental data offers the op-
portunity for a thorough understanding of elimination mechanisms of micropollutants in WWTPs to 
facilitate optimization of wastewater treatment processes and reduce emissions of xenobiotics. 
3.4. Conclusions 
In this study, six different batch tests with non-bio-augmented and bio-augmented (with A. deni-
trificans PR1) AS, operated under different redox conditions, achieved different levels of SMX remov-
al. Based on the experimental and model-based predictions, the following conclusions could be drawn:  
• The biotransformation of SMX and deconjugation of Ac-SMX clearly depends on the redox 
conditions and the highest removal occurs under aerobic conditions.  
• Based on experimental results and model-based observations in this study, we are able to con-
firm the conversion of the two conjugated human metabolites Ac-SMX and SMXGlu back into 
the parent compound SMX, which likely explains the previously observed variability/negative 
SMX removal efficiencies in biological treatment.  
• Bioaugmentation of AS (AS) with A. denitrificans strain PR1 has led to superior biotransfor-
mation rates of SMX (by about two orders of magnitude) compared to the non-bioaugmented 
AS, within a complex carbon environment found at a WWTP without an addition of another C-
source (acetate) as specific substrate for the biotransformation of sulfamethoxazole (SMX). 
These results prospect the use of A. denitrificans PR1 for bioaugmentation as a feasible and ef-
ficient option to improve SMX elimination in WWTPs.  
• Cometabolic models and pseudo-first order kinetics were successfully calibrated to accurately 
predict the biological transformation kinetics of SMX and the two human metabolites, respec-
tively, in both bioaugmented and non-bioaugmented reactors, under various redox conditions. 
• The estimated kinetic parameters obtained from this study could be integrated in AS models to 




This research was supported by MERMAID, an Initial Training Network funded by the People 
Programme (Marie Skłodowska-Curie Actions) of the European Union's Seventh Framework Pro-





























4. MEMBRANE BIOREACTOR BIOAUGMENTATION WITH 
ACHROMOBACTER DENITRIFICANS STRAIN PR1 FOR SULFA-
METHOXAZOLE REMOVAL 
Abstract 
Achromobacter denitrificans strain PR1, previously found to harbor specific degradation path-
ways with high sulfamethoxazole (SMX) degradation rates, was bioaugmented into laboratory-scale 
membrane bioreactors (MBRs) operated under aerobic conditions to treat SMX-containing real do-
mestic wastewater. Different hydraulic retention times (HRTs), which is related to reaction time and 
loading rates, were considered and found to affect the SMX removal efficiency. The availability of 
primary substrates was important in both bioaugmented and non-bioaugmented activated sludge (AS) 
for cometabolism of SMX. High HRT (24 h) resulted in low food to microorganism ratio (F/M) and 
low SMX removal, due to substrate limitation. Decrease in HRT from 24 h to 12 h, 6 h and finally 4 h 
led to gradual increases in primary substrates availability, e.g. organic compounds and ammonia, re-
sulted in increased SMX removal efficiency and degradation rate, and is more favourable for high-rate 
wastewater treatment processes. After inoculation into the MBRs, the bioaugmentation strain was sus-
tained in the reactor for a maximum of 31 days even though a significant decrease in abundance was 
observed. The bioaugmented MBRs showed enhanced SMX removal, especially under SMX shock 
loads compared to the control MBRs. The results of this study indicate that re-inoculation is required 
regularly after a period of time to maintain the removal efficiency of the target compound.  
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SMX is an extensively prescribed or administered synthetic sulfonamide antibiotic to diminish 
inflammation and promote livestock growth (Zhang et al., 2016). Due to its incomplete metabolism 
and elimination, SMX is continuously released into the aquatic environment via wastewater treatment 
plants (WWTPs). The compound was categorized as Class 1: high priority pharmaceuticals relevant to 
the water cycle identified in a European assessment (de Voogt et al., 2009). Due to its polar and low 
adsorptive characteristics, SMX is mainly removed via biodegradation (Müller et al., 2013) as opposed 
to adsorption. There have been many studies on SMX elimination through biodegradation in lab-scales 
and full-scales. However, the results are widely varied, with removal efficiency ranging from negative 
to very high (>90%) (Müller et al., 2013). Inconsistent results hinder the optimization of the treatment 
process in WWTP systems. This fact, together with the ubiquitous presence of SMX in the environ-
ment, suggests that additional measures should be employed to enhance removal of SMX in poor per-
forming WWTPs or in hospital/pharmaceutical wastewater treatments, especially if lower discharge 
levels of SMX are to be achieved to reduce the unwanted releases of antibiotics into the environment.  
Bioaugmentation involves the addition of specialized microbial strains/consortia or genetically 
modified organisms to polluted hazardous waste sites or bioreactors in order to enable or hasten the 
biodegradation of targeted pollutants (Van Limbergen et al., 1998). In recent decades, bioaugmenta-
tion has been intensively studied to enhance removal of chlorinated pollutants (Santharam et al. 2011) 
in wastewater; phenolic compounds in wastewater (Fang et al. 2013); 3-chloroaniline (Boon et al., 
2002); and other recalcitrant pollutants (Ma et al., 2009). However, wash-out of inoculated strains was 
reported to cause bioaugmentation failure (McClure et al., 1991), which could be overcome by using 
MBR. This combination of a biological process with membrane separation can potentially be a suita-
ble substitute of traditional bioreactors for applying bioaugmentation as a means to retain all of the 
biomass and facilitate adaptation of the inoculated microorganism within the bio-system. Bioaugmen-
tation of MBR has been successfully used to treat e.g. bromoamine acid wastewater (Qu et al., 2009), 
and atrazine containing wastewater (Liu et al., 2008). However, failure has been reported for bioaug-
mentation of MBR with a Microbacterium sp. strain BR1 for treatment of SMX in two pilot-scale 
MBR treating full-scale MBR effluent (post-treatment) or raw municipal wastewater (Fenu et al., 
2015). The failure was attributed to the very low SMX concentrations, which could be limiting for the 
inoculated biomass, as well as the fact that lower SRT operational condition compared to the doubling 
time of Microbacterium sp. giving no chance for the survival of the strain in realistic application.  
We previously proved that A. denitrificans PR1 is capable of using SMX as a carbon source 
(Reis et al., 2014) and is a promising organism for bioaugmentation to enhance SMX removal in 
wastewater due to its superior kinetics compared to AS, at environmentally relevant concentrations 
(Nguyen et al., 2017). This study aimed at the potential for bioaugmentation of MBR with A. denitrifi-
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cans PR1 as an advancement strategy for improved SMX removal in WWTPs. An MBR was used as a 
strategy to hamper the release of the bioaugmentation strain into the environment. The influence of 
operational conditions, such as HRT, as well as necessity for amendment with a specific substrate (ac-
etate) to augment the kinetics of PR1 upon bioaugmentation were investigated. Real pre-clarified ef-
fluent was used, not only to mimic the real conditions in WWTPs, but also to test for interactions be-
tween the inoculated strain and components of a complex medium, including organic carbon pollutants 
and ammonia. N4-acetyl-sulfamethoxazole (Ac-SMX), one of the main human conjugated metabolites, 
previously observed to be reverted back to its parent compound SMX (Göbel et al., 2005) can interfere 
with the SMX removal efficiencies during WWTP. In this study, Ac-SMX was also monitored in the 
influent and effluent of the reactors to assess its transformation during treatment.  
4.2. Materials and methods 
4.3.1. Chemicals and reagents 
Reagent grade (purity ≥ 99%) SMX, were purchased from Sigma-Aldrich. Ac-SMX and isotop-
ically labelled Ac-SMX-d4 and SMX-d4 were obtained from Toronto Research Chemicals, Inc. (TRC, 
Canada). All other reagents were of analytical grade from commercial sources. Individual stock stand-
ard solutions were prepared on a weight basis in methanol and stored at -20oC. A mixture of all phar-
maceutical standards was prepared by appropriate dilution of individual stock solutions in Milli-Q wa-
ter. HPLC-grade methanol and were supplied by Merck (Darmstadt, Germany). 
4.3.2. Membrane bioreactors set up 
Five different tests with bioaugmented (R1) and non-bioaugmented (R2) MBRs were conducted 
under continuous regime between 15 and 36 days, using pre-clarified effluent wastewater (as feed) and 
AS (as indigenous population) collected from a municipal WWTP, Chelas (Lisbon, Portugal) (see Ap-
pendix B3 for further information). For each test, two 1 L jacketed glass reactors coupled with side 
stream UFP-500-E-4MA (GE Healthcare, US) hollow-fiber membranes (surface area of 0.042 m2, 
with a pore size of 500 000 NMWC (nominal molecular weight cut-off)) were operated in parallel, 
with initial sludge concentrations of approx. 2.8-3.5 gTSS L-1. Fresh AS was used at the start of each 
conducted experiment. A diffuser was placed at the bottom of each reactor, and dry compressed at-
mospheric air was sparged continuously to create saturated aerobic condition (air flow of approximate-
ly 1 volume/volume/minute). Reactors were further equipped with an overhead stirrer, operated at a 
velocity of about 250 rpm. Temperature was controlled at 20°C and pH was maintained between 7.0-
7.4 by the addition of HCl (0.05 M) or NaCl (0.05 M) using pH controllers (HI8711, Hanna Instru-
ments, US) with dual set point.  
The MBRs, named R1, were additionally bioaugmented with A. denitrificans PR1 (ranged from 
1.1-4.2 % of TSS) to enhance the SMX degradation. The influent (feed) of MBRs was fortified with 
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SMX at a concentration of 10 µg L-1 (in M1, M2 and M3 tests) or 1 µg L-1 in M4 and M5 tests (Table 
4.1), and dosed continuously to the MBRs using a peristaltic pump (Watson/Marlow Ltd., Cornwall, 
UK). Shock loads of 20 µg L-1 SMX were applied in some experiments at different time points (Table 
4.1). The effluent (permeate) was pumped out of the reactors at the same flow rate than that of influent 
to maintain a constant reactor volume, using a peristaltic pump (Watson/Marlow Ltd., Cornwall, UK). 
Manual cleaning of the membranes was performed whenever necessary to prevent membrane clog-
ging. After cleaning, the sludge cakes formed inside the membrane modules were collected and re-
turned to the respective MBRs. The different tests were operated at different operational conditions 
that mentioned in Table 4.1. No sludge was withdrawn from the reactors during the experimental peri-
ods. The pre-cultures of A. denitrificans PR1 used as inoculum were grown in liquid MMBN medium 
(Reis et al., 2014). The PR1 cells were harvested by centrifugation (at 7000 xg for 10 min), washed 3 
times with mineral medium before inoculating into the bioaugmented-MBRs.  









SMX shock  
(20 µg L-1) 
Inoculation of PR1 in R1 reactors 
M1 24  36 - 10 - Day 1 (D1) (~10% v/v or ~31.3 mgbiomass L-1) 
M2 12  36 - 10 - D1, D8, D22, D25 (~20% v/v or 62-67 
mgbiomass L-1) 
M3 6 19 4  10 - D1 (40% v/v or 150 mg biomass L-1) 
M4 6 26 4  1 D3, D12, D19, D26 D1, D5, D12, D16, D19 (40% v/v or 105 to 
129 mg biomass L-1) 
M5 4  15 - 1 D7, D13 D1, D5 (40% v/v or 93 to 137 mgbiomass L-1) 
4.3.3. Chemical analysis 
General reactor performance was monitored by analyzing influent (feed) and effluent (perme-
ate) samples for soluble chemical oxygen demand (sCOD), total COD, ammonium, nitrite, and nitrate. 
Samples were centrifuged for 5 min at 8000 xg, followed by syringe filtration through 0.2 µm cellu-
lose Whatman filters and then stored at -20oC prior to analysis of soluble chemicals. Chemical oxygen 
demand (COD) was determined using HACH-lange test kits and a DR2800 spectrophotometer 
(HACH, Germany). Ammonium, nitrate and nitrite concentrations were measured using a segmented 
flow analyzer through the Skalar San++ Automated Wet Chemistry Analyzer system.  Total and vola-
tile suspended solids (TSS and VSS) were determined according to Standard Methods (APHA, 1995). 
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The acetate concentration was determined by high-performance liquid chromatography (HPLC) 
using an IR detector and a BioRad Aminex HPX-87H column. 0.01 N sulfuric acid was used as eluent, 
with an elution rate of 0.6 mL/min and a 50oC operating temperature.  
Analysis of SMX and its metabolite (Ac-SMX) was performed on a high performance liquid 
chromatography coupled to tandem mass spectrometry (LC-MS/MS) using a Dionex Ultimate 3000 
system from Thermo Scientific. Both standard addition (de Jesus Gaffney et al. 2015) and external 
calibration curve methods were used for the analyses of 10 µg L-1 and 1 µg L-1, respectively. A de-
tailed description of analytical methods used is provided as Appendix C1.  
All analyses related to general reactor performance and SMX determination were performed at 
least three times a week. Analyses of SMX and Ac-SMX analyses were performed within one to two 
weeks to prevent degradation. 
4.3.4. Molecular analysis 
DNA extraction 
Samples from A. denitrificans PR1 strain pure culture and MBRs mixed liquor samples of 5 mL 
were collected. Samples were centrifuged for 10 minutes at 9600 xg and supernatant discharged. Pel-
lets were stored at -20ºC until further DNA extraction. MBR sampling was performed immediately 
after inoculation with PR1 strain and mixture in the reactor, and periodically until the end of the tests.  
DNA was extracted with the Power Soil DNA Isolation kit (MoBio, Cambridge, UK). Negative 
controls for the extraction were included using sterile MilliQ water. DNA quality and concentration 
was analysed in duplicate with a Nanodrop 1000™ spectrophotometer (ThermoScientific, DE, USA).  
Selection of the strain-specific genetic marker for A. denitrificans PR1 
For the selection of the strain-specific genetic marker a comparative genomic analysis was per-
formed between strain PR1 (Reis et al. 2017) and 7 other representative genomes of the genus Achro-
mobacter (Table 4.2). All genomes were retrieved from the NCBI database (Database resources of the 
National Center for Biotechnology Information  2018) and re-annotated with Prokka (Seemann 2014). 
Predicted genes were analyzed with Roary with the minimum BLASTP identity percentage set to 80% 
(Page et al. 2015). This percentage of identity was chosen since these strains belong to different spe-
cies and it was shown to be a suitable value in other comparative studies (Corretto et al. 2017). Genes 
unique to strain PR1 were further retrieved and aligned against the non-redundant nucleotide database 
of NCBI with BLASTN (Zhang et al., 2000). Genes producing no significant alignments to other pub-
lished Achromobacter spp. genomes and with a low percentage of nucleotide identity (<80%) against 
the non-redundant database were further evaluated and the CRISPR-associated endonuclease (Cas1) 
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was selected as the strain-specific marker for this study (GenBank accession number CP020917.1, lo-
cus tag B9P52_11565). 
PCR analysis 
To quantify the PR1 abundance and consequently monitor its survival upon bioaugmentation in 
the MBRs, quantitative PCR (qPCR) targeting the strain-specific marker gene (Cas1) was performed 
with total DNA. Primers for both PCR and qPCR assays were designed with Primer-BLAST (Ye et al. 
2012) and their specificity was further assessed in silico against the non-redundant nucleotide database 
from NCBI (Database resources of the National Center for Biotechnology Information  2018). 
Two sets of primers were used: a first pair to obtain by PCR an amplicon to perform the calibra-
tion curves in qPCR with a transformed Escherichia coli and a second pair to quantify by qPCR the 
target gene in both transformed E. coli (for calibration) and A. denitrificans PR1 in MBR DNA sam-
ples.  
For qPCR calibration, 6 primer pairs were designed targeting PR1 strain specific markers (Table 
4.3). Amplification and reaction conditions for conventional PCR were tested for all six to choose the 
best primer pair. The specificity of such primers were confirmed by amplification of the target gene in 
the DNA extracted from a pure culture of A. denitrificans PR1, Sanger sequencing of the amplicon and 
by performing a BLAST of the obtained sequence against a non-redundant nucleotide database 
(EMBL-EBI 2017).  
qPCR analysis 
Three primer pairs were evaluated for qPCR amplification of the Cas1 gene by analyzing the 
match and the base pairing of each primer with the gene sequence obtained from the A. denitrificans 
PR1 DNA using EMBOSS Matcher and ClustalO software (both bioinformatics tools available from 
the EMBL-EBI site). Annealing temperature was further optimized for the best primer pair and ampli-
fication by qPCR was performed with the iQ5 real time system (BioRad, US), with the following con-
ditions: initial denaturation for 5 min at 94 oC, followed by 30 cycles of denaturation at 94 oC for 30 
sec, annealing at 58 oC for 30 sec and extension at 72 oC for 2 min, with a final extension of 72 oC for 
5 min. The qPCR reaction was performed in 20 µl, containing 2 ng/µl of DNA template, 1x super mix 
iQ Syber Green and 0.2 µM if each primer. Reaction was performed in duplicates and the results re-
ported as average of the measures with standard deviation. Data was analyzed in the form of standard 
curves and its parameters (efficiency, slope and R2), melting curves and melting peaks and base line 
subtracting curves for each amplification experiment with the BioRad iQ5 optical system software 
(BioRad, US). The amount of target genes in unknown samples was calculated based on the standard 
curve retrieved from the series dilutions of transformed E.coli cells with the target genes (101 to 109 
copy numbers/µl). Cas1 gene copy number were further normalized by the total DNA concentration of 
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each sample. Transformed E.coli was obtained by cloning of JM109 High efficiency competent cells, 
using the pGEM-T easy vector system, following the manufacturer’s instructions (Promega, US). In 
the cloning process, PCR products to be ligated to the plasmid were purified with the MiniElute PCR 
Purification kit (Quiagen, Germany), the transformation success was double check by amplification 
with the qPCR Cas1 genes from the DNA extracted from the white colonies with the Quick DNA 
Universal kit (Zymo Research, US) and the plasmids were extracted using the ZR Plasmid miniprep 
(Zymo Research, US).  
Table 4.2. Organisms and corresponding Genbank assembly accession numbers of the Achromo-
bacter spp. strains used in the comparative genomic analysis 
Species Strain GenBank assembly accession 
number 
A. denitrificans PR1 GCA_002205315.1 
A. denitrificans NBRC 15125T GCA_001571365.1 
A. denitrificans USDA-ARS-USMARC-56712 GCA_001514355.1 
A. spanius CGMCC9173 GCA_001189595.1 
A. insuavis AXX-A GCA_000219745.1 
A. xylosoxidans A8 GCA_000165835.1 
A. piechaudii ATCC 43553 GCA_000164035.1 
A. arsenitoxydans SY8 GCA_000236785.2 
 
Table 4.3. Primers targeting the selected strain-specific marker gene of PR1, CRISPR-associated 
endonuclease (Cas1) 
PCR primers Product 
length 
(bp) 
qPCR primers Product 
length 
(bp) 5' - 3' 





Pair 1 Forward: AGTAGTTCCCATGATCGAGATAGCG 152 
  Reverse: GGATATCACTGCCTTGCTTGCC  
CRSP_f:   GCCGACAGAAAAGCTTGC Pair 2 Forward: TGGCCGACAGAAAAGCTTGCG 176 
CRSP_r: CATTTATTACCTGGAGCATTGCC  Reverse: TCTCGATCATGGGAACTACTTGGC  
 Pair 3 Forward: CCGCCTGTAGTTGCTTCGC 78 
  Reverse: CCGAGTATCTACAGGCATGGG  
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4.3. Results and discussions 
4.3.1. Reactor performance 
The general MBR operating conditions and performance are presented in Table 4.4. During re-
actor operations, the biomass concentration decreased in the MBRs operated at an HRT of 24 h, 
whereas quite stable biomass concentration was observed in MBRs run at an HRT of 12 h and signifi-
cant increase in biomass was found in the reactors at an HRT of 6 and 4 h, especially, with the 
amendment of acetate (Table 4.4).  
Good COD removal was observed and there was no difference in COD removal efficiency be-
tween bioaugmented (R1) and non-bioaugmented (R2) MBRs operated under the same conditions 
(Table 4.4). Accordingly, the COD removal of the MBRs operated at HRT of 6 h (M3 and M4) and 12 
h (M2) stabilized to between 85 and ~97% in both bioaugmented and non-bioaugmented MBRs, even 
with the addition of acetate (4 mM). No acetate was detected in the effluents of the reactors supple-
mented with acetate (M3 and M4).  
Ammonium loading rate (ALR) was highest in M5 reactors whereas it was similar in M4, M3 
and M2 reactors and the lowest one was in M1 reactors (Table 4.4). Complete removal of ammonia 
was observed in all reactors (an average effluent NH4+-N of < 2 mg L-1), concomitant with the for-
mation of nitrate 3NO N
   (no 2NO N
   was found), which indicates that stable and high nitrifica-
tion performance occurred (Table 4.4). As can be seen from (Table 4.4)., the nitrification capacity per 
unit of biomass was highest for the reactors operated at HRT = 4 h (M5), supposedly due to the high 
ALR (lower HRT).  
Nitrification rates in the reactors with HRT = 12 h (M2) were higher than the ones operated at 
HRT = 6 h (M3 and M4), indicating a higher activity of autotrophs (ammonia oxidizing bacteria). The 
reason could be attributed to the amendment of acetate to M3 and M4 which favored the growth of 
heterotrophs in these reactors, and thereby lowered the nitrification activity due to the higher quantity 





Table 4.4. General reactor operating conditions and performances during the MBR tests (average ± standard deviation) (average = mean of samples 





Biomass (gTSS L-1) sCOD (mg L-1) OLR 
(g sCOD gTSS-1 d-1) 
4NH N
   (mg L-1) ALR 
(mg N gTSS-1 d-1) 
3NO N
   (mg L-1) 
   Initial End Influent  Effluent  Influent  Effluent   Influent  Effluent 
M1-R1 - 24 2.82 2.20 96 ± 32 34 ± 5 0.04 ± 0.01 35.7 ± 12.0 0.8 ± 1.1 15.4 ± 5.5 0 21.8 ± 7.7 
M1-R2 - 24 2.87 2.04 96 ± 32 35 ± 5 0.04 ± 0.01 35.7 ± 12.0 1.0 ± 2.3 16.3 ± 6.0 0 22.6 ± 5.5 
M2-R1 - 12 3.36 3.30 105 ± 21 13 ± 5 0.07 ± 0.01 41.6 ± 5.7 0.4 ± 0.6 29.5 ± 4.7 0 48.0 ± 4.9 
M2-R2 - 12 3.30 2.88 105 ± 21 14 ± 5 0.08 ± 0.02 41.6 ± 5.7 2.1 ± 5.7 30.3 ± 5.8 0 44.2 ± 9.9 
M3-R1 4 6 3.52 8.04 377 ± 10 16 ± 2 0.30 ± 0.08 44.3 ± 4.9 1.1 ± 0.6 31.6 ± 9.4 0 36.0 ± 4.9 
M3-R2 4 6 3.4 8.3 377 ± 10 18 ± 6 0.29 ± 0.09 44.3 ± 4.9 0.9 ± 0.5 32.6 ± 11.3 0 37.0 ± 4.4 
M4-R1 4 6 3.43 ± 0.0 9.30 ± 0.1 376 ± 24 26 ± 5 0.29 ± 0.09 36.8 ± 5.3 0.7 ± 1.4 28.0 ± 4.95 0 32.6 ± 4.7 
M4-R2 4 6 3.34 ± 0.1 10.20 ± 2.2 376 ± 24 24 ± 4 0.33 ± 0.07 36.8 ± 5.3 1.0 ± 1.9 32.5 ± 3.5 0 30.3 ± 5.7 
M5-R1 - 4 2.55 ± 0.0 4.10  ± 0.0 103 ± 17 30 ± 12 0.17 ± 0.03 44.9 ± 3.4 7.5 ± 10.2 81.0 ± 22.0 0 33.5 ± 11.3 
M5-R2 - 4 2.70 ± 0.1 4.50 ± 0.42 103 ± 17 22 ± 12 0.21 ± 0.09 44.9 ± 3.4 12.4 ± 13.5 97.5 ± 32.3 0 32.5 ± 13.3 
OLR: organic loading rate; ALR: ammonium loading rate; R1-bioaugmented MBR; R2-non-augmented MBR
77 
 
4.3.2. SMX removal efficiency 
SMX adsorption tests using the same activated sludge was performed in Nguyen et al. (2018). 
In terms of mass balance, no SMX was removed during adsorption tests, suggesting that the adsorbed 
amount of SMX on activated sludge was negligible. This is also consistent with other studies where 
partitioning of SMX onto secondary sludge accounted for approx. 4% (Göbel et al., 2005) to 10% 
(Hörsing et al., 2011) of the total elimination efficiency. For that reason, adsorption of SMX was con-
sidered irrelevant and not a subject of investigation in this study.  
Along with SMX, the concentration of human conjugated metabolite (Ac-SMX) in the feed and 
effluent of the MBRs was also monitored, ranging from 500 ng L-1 to ~ 1200 ng L-1, and < 120 ng L-1, 
respectively (data not shown). The decrease in Ac-SMX concentration was possibly due to the back-
transformation to SMX (Göbel et al., 2005).  
The SMX specific degradation rates were determined through SMX removal normalized by the 
biomass concentration (Figure 4.1B). As can be seen from Figure 4.1A, higher specific degradation 
rates and higher average SMX removal efficiencies were observed for the bioaugmented reactors 
compared to non-bioaugmented ones under all operational conditions. The average SMX removal var-
ied under different operational conditions, ranging from 39% to 70% for non-bioaugmented MBRs 
(R2), and 48% to 87% for bioaugmented reactors (R1). A SMX removal efficiency of 52-64% was 
reported at HRTs of 12-14 h Taheran et al. (2016), which is consistent with our result obtained with a 
non-bioaugmented MBR operated under HRT of 12 h (56.5 ± 26% in M2-R2). Radjenović et al. 
(2009) reported a SMX removal efficiency of 78% in a hollow-fiber MBR with HRT of 7.2 h, which is 
comparable to the average removal of 67.5 ± 10.5% observed for the MBR operated under HRT of 6 h 
in this study (M3-R2). 
Low SMX removal efficiencies concomitant with decreased MLSS concentrations were ob-
served for the reactors operated at HRT of 24 hours (M1). The removal was only 48 ± 28% and 39 ± 
20% on average, for bioaugmented and non-bioaugmented reactors, respectively. The reasons for such 
low removal efficiencies could be attributed to the low concentration of substrate in the reactor, or due 
to a decrease in biomass that could be limiting for SMX removal (discussed in section 4.3.3). Bioaug-
mentation did not result in improved SMX removal under this limiting condition. It was mentioned by 
Herrero and Stuckey (2015) that bioaugmentation was not successful under growth-limiting conditions 
due to low substrate concentration.   
For the tests performed at 10 µg L-1 (M1, M2 and M3), a decreased HRT from 24 h to 12 h and 
then 6 h also resulted in increased specific degradation rates. The highest specific degradation rate was 
observed for the reactors operated at HRT of 6 h (M3), with the addition of acetate, which was about 
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6.4 ± 3.4 µgSMX gSS-1 d-1 and 4.9 ± 1.7 µgSMX gSS-1 d-1 for the bioaugmented and non-
bioaugmented reactors, respectively.  
For the tests performed at 1 µg L-1 (M4 and M5), the presence of acetate led to a significant in-
crease in biomass concentration in M4, and thus also a slight increase in SMX removal efficiency, but 
lower in SMX specific degradation rate compared to M5 (Figure 4.1). This indicates that the presence 
of acetate led to a significant increase in biomass concentration, although likely these were mostly 
non-specialized heterotrophs. These results suggest that, despite the fact that the degradation kinetics 
of SMX by PR1 was stimulated in the presence of acetate in pure culture tests (Nguyen et al., 2017), 
there is no advantage in practice to supplement bioaugmented AS with acetate as specific substrate to 
enhance the kinetic of SMX by PR1. 
In terms of SMX concentration effect, a decrease in SMX concentration in the feed led to an in-
crease in SMX removal efficiency. Higher SMX removal efficiency was observed for the M4 tests 
with 1 µg L-1 of SMX compared to the M3 tests performed with 10 µg L-1 of SMX (81 ± 18.1% vs 
67.5 ± 10.5% and 90.4 ± 10 vs 80.9 ± 9.2 vs % for non-bioaugmented and bioaugmented reactors, re-
spectively). (Al-Ahmad et al., 1999) found a 50% minimum inhibitory concentration (MIC50) for SMX 
for common pathogens ranging from 0.002-256 mg L-1 SMX. Thus, the supplied concentration of 10 
µg L-1 SMX in this study might influence microbial activity, resulting in lower SMX removal. Good 
SMX removal was observed even at such low SMX concentrations as 1 µg L-1, suggesting that either 
any existent threshold levels for the removal of SMX was below this concentration or cometabolism 
seems to be the removal mechanism of SMX, in which primary substrates play an important role in the 
biological removal of micro-pollutants by inducing enzymes or supplying energy for biomass growth 
and maintenance. Such threshold levels are typical from biodegradation mechanisms where the target 
compound is a source of carbon and/or energy. Metabolic and cometabolic transformations were pre-
viously observed as the biodegradation mechanisms of SMX by PR1 (Nguyen et al., 2017) and AS 
(Kassotaki et al., 2016; Müller et al., 2013).   
In general, the introduction of PR1 into the MBR systems enhanced SMX removal and degrada-
tion rate in comparison to the non-bioaugmented MBRs, which can be explained by the fact that the 
inoculated PR1 was specific for the target compound (SMX). Many isolates, such as Acinetobacter 
sp., Phanerochaete chrysosporium, and Microbacterium sp.  etc., are capable of SMX degradation 
with high removal efficiency (Wang and Wang, 2018). However, previous studies on SMX biodegra-
dation by pure culture were usually performed at rather high concentration of SMX, in the range from 
several mg L-1 to hundreds mg L-1 that is much higher than the concentrations encountered at WWTPs. 
Some bacteria failed to degrade the contaminants at environmentally relevant concentrations even if 
they have that capability (de Lipthay et al., 2007; Xu et al., 2009), probably, due to the lack of induc-
tion of the corresponding catabolic genes (Kolvenbach et al., 2014). For example, no SMX degrada-
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tion was reported for bioaugmentation of MBR with a Microbacterium sp. strain BR1 for treatment of 
SMX in two pilot-scale MBR treating full-scale MBR effluent (post-treatment) (Fenu et al., 2015). 
The reason was attributed to the very low SMX concentrations, which could be limiting for the inocu-
lated biomass.  
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Figure 4.1. SMX removal efficiences (1A) and SMX specific degradation rates (1B) (not counted 
for the shock loading samples) in the bioaugmented  (R1) and non-bioaugmented (R2) reactors 
operated under different conditions, e.g. HRT = 24 h (M1); HRT = 12 h (M2); HR 
 
The relatively high SMX removal observed even in the non-bioaugmented reactors (except for 
the MBR operated under a HRT of 24 h) could be explained by the superior performance of MBR 
compared to conventional AS. The antibiotics removal efficiency in MBR processes was reported to 
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be 15-42% greater than in conventional AS processes (Sahar et al., 2011), due to the long SRT that 
favors the proliferation of slowly growing bacteria (such as nitrifying bacteria), thus improving the 
microbial diversity in the reactor and achieving better biodegradation (Clara et al., 2005b; Radjenović 
et al., 2009).  
Since the occurrence of SMX in WWTP vary over a wide range from hundreds ng L-1  
(Watkinson et al., 2007) to µg L-1 (Batt et al., 2007) and even as high as 7910 µg L-1 (Peng et al., 
2006), we hypothesized that SMX concentration fluctuations could also affect the SMX removal effi-
ciency in biological treatment. In the current study, shock loads of SMX (20 µg L-1) were applied in 
some days during the M4 and M5 tests to evaluate their effect on removal efficiency. As can be seen 
in Figures 4.3A and 4.3B, SMX shocks inhibited SMX removal in non-bioaugmented reactors (R2), 
resulting in decreased or negative SMX removal efficiencies. The negative efficiency in the non-
bioaugmented MBR could be attributed to the accumulation of SMX from the previous day when a 
SMX shock load was applied (Figures 4.3A and 4.3B). In contrast, bioaugmented reactors (R1) were 
more resistant to SMX shocks (Figures 4.3A and 4.3B). It has been demonstrated that bioaugmenta-
tion could protect the reactors from sudden toxic pollutant shock loads and allow recovery of func-
tionality for other pollutants (Boon et al., 2003; Qu et al., 2009). 
4.3.3. Effect of HRT and loading rates on SMX removal 
The results of the current study showed that higher average SMX removal were observed for the 
tests performed at HRT of 6 hours (M3) compared to 12 hours (M2) and 24 hours (M1) (Figures 4.2A, 
4.2B and 4.2C for both R1 and R2 reactors. Two sample t-tests revealed that the average SMX remov-
al in the reactors operated at HRT=24 h was significantly lower than in the HRT=12 h treating similar 
influent wastewater (p = 0.007 for the non-bioaugmented reactor and p=0.002 for the bioaugmented 
reactor). The good SMX removal observed when the HRT reduced from 24 h to as low as 4 h, indicat-
ed that a relatively low contact time was sufficient to treat the SMX in wastewater. Nevertheless, HRT 
has an influence on SMX removal, rather due to the availability of primary substrates (organic com-
pounds and ammonia loading) in the reactor. The fact that both bioaugmented and non-bioaugmented 
tests performed worse in terms of SMX removal efficiencies at HRT of 24 h suggests that the presence 
of primary substrates can favor the cometabolism of SMX by the inoculated strain as well as AS bac-
teria. In this study, a correlation between the SMX removal capacity and the OLR was observed in the 
M3, M4 and M5 tests, along with a correlation with the ammonium loading rate (Figures 4..4, 4.5 and 
4.6). This finding agrees well with previous studies (Fernandez-Fontaina et al., 2012; Ren et al., 2007; 
Su et al., 2015). These authors also found links between organic matter removal or nitrification capaci-
ty and micropollutants removal efficiency. These results also suggest that the removal rates of SMX in 
AS processes are strongly linked to both the autotrophic and heterotrophic bacterial communities. 
Given that SMX biotransformation has been demonstrated to involve both metabolic and co-metabolic 
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mechanisms (Kassotaki et al., 2016; Müller et al., 2013), degradation of SMX at such low levels re-
quire the presence of primary substrates, e.g. easily biodegradable substrates or ammonia, to induce 
catabolic enzymes (specific and non-specific ones) or to supply energy for cell growth and mainte-
nance (Nguyen et al. 2017). The higher the consumption of primary organic substrates (as a result of 
high OLR) or ALR, the higher the rate of SMX cometabolised is expected. 
For the tests with 1 µg L-1 of SMX, with the amendment of acetate in the M4 reactor, lowering 
HRT from 6 h (M4) to 4 h (M5) resulted in lower OLR but higher ALR in reactors M5 compared to 
M4. Consequently, the observed higher SMX removal rates in M5 compared to M4 was supposedly 
not caused by differences in the heterotrophic bacterial community, but rather to a higher nitrification 
capacity or a higher density of ammonia oxidizing bacteria. Thus, the amendment of acetate seemed 
unnecessary for the removal of SMX by both AS and introduced strain PR1.  
Long HRT implies longer contact time between wastewater or contaminants and sludge, which 
may be beneficial for the general slow removal rate micropollutants, but not for SMX in this study. 
Short HRT favours higher rate wastewater treatment processes and implies that more wastewater can 
be treated per reactor volume unit as compared to long HRT systems, which is advantageous for high-
rate wastewater treatment processes. Maurer et al. (2007) also found a quantitative correlation between 
elimination rate of the investigated β-blockers and HRT. However, Taheran et al. (2016) compared the 
removal efficiencies reported by different researchers and observed that HRT had no effect on removal 
of acetaminophen, bezafibrate, ofloxacin, gemfibrozil and metronidazole. The difference in conclu-
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Figure 4.2. Degradation of SMX and fate of PR1 assessed by qPCR for the 10 µg L-1 of SMX tests, under different operational conditions, i.e. M1 (HRT=24h, 
single inoculation of PR1), M2 (HRT=12h, multi-inoculation of PR1),  M3 (HRT=6h, with addition of acetate, single inoculation of PR1) in bioaugmented 












































































Figure 4.3. Degradation of SMX (3A and 3B) and fate of A. denitrificans strain PR1 (3C and 3D) assessed by qPCR for the 1 µg L-1 of SMX tests under differ-
ent operational conditions, e.g. M4 (HRT=6h, with addition of acetate, multi-inoculation of PR1), and M5 (HRT=4h, multi-inoculation of PR1) in bioaug-
mented-MBR (R1) and non-bioaugmented MBR (R2). The dashed lines mark the times when SMX shock loads were applied. Inoculation points were indica-






Figure 4.4. Relationship between specific SMX degradation rate, OLR and ALR for bioaugmented 











Figure 4.5. Relationship between specific SMX degradation rate, OLR and ALR for bioaugment-















Figure 4.6.  Relationship between specific SMX degradation rate, OLR and ALR for bioaug-
mented (R1) and non-bioaugmented (R2) reactors under HRT = 4h, multi-inoculation of PR1 
(M5) 
4.3.4. Survival and activity of A. denitrificans PR1 in the MBRs  
During the bioaugmentation experiments, the survival of the introduced bacteria, A. denitrifi-
cans PR1 suspended cells, in the bioaugmented reactors was followed up by analyzing the evolution of 
the copy number of its marker gene (Cas1) which was monitored by qPCR.  
Bioaugmentation for micropollutants removal is considered successful when multiple criteria 
are met, e.g. the bioaugmented strains can grow and remove the micropollutants to levels below typi-
cal WWTP effluent levels within a complex substrate background, such as wastewater, at practical 
degradation rates (Zhou et al., 2013). Overall in these experiments, a decrease in Cas1 gene copy 
number was observed, indicating a decrease in PR1 cell numbers over time. Non-bioaugmented reac-
tors showed negligible levels of Cas1 gene, fluctuating between 0 to 24.7 copies/ngDNA, suggesting 
that the target gene was a good indicator to monitor the fate of the augmented strain in this study. Sin-
gle inoculation was applied for M1 (HRT=24 h) and M3 (HRT=6 h, with addition of acetate) experi-
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ments. For the bioaugmented reactor M3, a drastic drop in the associated gene was observed, from 
approx. 710 copies/ngDNA on day 1 to only about 200 copies/ngDNA on day 2 (Figure 4.2F), fol-
lowed by a gradual decrease during the rest of the experiment to not detectable levels at the end of the 
experiment (after 19 days). A similar trend was observed in the bioaugmented reactor M1, e.g. only 1 
copy/ngDNA was quantified on day 31 (Figure 4.2D). 
Since the use of a membrane allows minimizing the washout of microbes, the loss of viability of 
the introduced bacteria was likely governed by other factors. It could be attributed to the diverse envi-
ronmental stresses, i.e. predation by protozoa, intense competition with other bacteria, and unavailabil-
ity of nutrients and oxygen (Gentry et al., 2004). Other studies also demonstrated that bioaugmenta-
tion, even using a strain originated from a similar ecosystem and able to effectively grow on the selec-
tive substrate, such as the one used in this study, is not permanent and will probably require regular re-
supplementation (Boon et al., 2000). 
The poor level of survival of the inoculated strain observed in experiments M1 and M3 suggest-
ed that a regular re-inoculation of the specialized strains could increase the success of bioaugmenta-
tion. Thus, repeated inoculations of freshly grown metabolically active cells were applied for the bio-
augmented (R1) reactors M2, M4 and M5, in order to maintain the viability and metabolic inoculum 
activity of the strain. With re-inoculations, higher and more stable SMX removal levels were attained 
in M2, M4 and M5 reactors compared to M1, especially when subjected to SMX shock loads. Howev-
er, a lower SMX removal rate was observed for re-inoculated reactor M2 compared to single inoculat-
ed reactor M3. These results suggested that, rather than re-inoculation, the increase in removal effi-
ciencies were more likely due to the change in HRT which led to a higher concentration of substrates 
available and favored the activity of the inoculated strain. The repeated inoculations with high inocu-
lum concentrations in M2, M4 and M5 reactors also were followed by drastic decreases in Cas1 gene 
copy numbers shortly after inoculations and resulted in very low numbers at the end of the experi-
ments (Figures 4.2E, 3C and 3D). Previous studies showed that repeated inoculations with massive 
cell numbers would increase the population of predatory protozoa, resulting in a rapid decline of the 
inoculated strains and sensitive indigenous bacteria, even resulting in system breakdown (Bouchez et 
al., 2000). However, the repeated inoculations themselves in this study apparently did not cause any 
disruption in function of the AS biological performance, e.g. COD and nitrogen removal.  
During the first inoculation in M5 (R1) reactor, a significant increase in Cas1 copy number was 
observed after 3 days inoculation, then stabilized to the initial concentration after 5 days before the 
addition of the second inoculation. M4 reactor also showed increases in Cas1 number on day 2 and 
day 4. This suggests that operation at HRT of 4 h could be the most favorable condition for the surviv-
al of PR1 compared to the other HRTs. The reason could be due to the higher loads of primary sub-
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strates that support the growth of the strain. Higher removal efficiency of SMX was observed at this 
HRT, which suggests that this could be the most favorable operational condition. 
In all of the reactors, the amount of marker gene copies decreased significantly over time which 
resulted in very low to almost non-detected levels at the end, but higher SMX removal efficiencies and 
specific degradation rates were observed in all bioaugmented reactors (R1) compared to non-
bioaugmented ones (R2), except for the M1 reactor. To explain this observation, we assumed that the 
growth of biomass could contribute to dilution and thus variation in quantification of the Cas1 marker. 
During reactor operation, a significant increase in biomass was found in reactors at HRT of 6 and 4 
hours (M3, M4 and M5), especially with the amendment of acetate (Table 4.4). Moreover, the specific 
growth rate (µ) of A. denitrificans PR1 with acetate (2.2-2.3 d-1) (Nguyen et al., 2017) was observed to 
be lower than that of AS heterotrophs (6 d-1). Thus, the strain could be outcompeted by the hetero-
trophic population, resulting in a low relative copy number of Cas1.    
From the current study as well as other studies, the introduced strain population was found to 
decrease shortly after being inoculated due to several abiotic and biotic stresses. To improve the bio-
augmentation efficiency, immobilization of specialized consortia has been reported as a strategy for 
maintaining efficient degradation in wastewater treatment (Bouchez et al., 2009; Qu et al., 2006). 
However, immobilization of degrading strains within alginate beads or polyvinyl alcohol etc. may be 
costly and complex for practical application. To overcome this problem, immobilization of specialized 
degraders into biofilms reactors has been found to enhance the degradation of toxic pollutants in 
wastewater (Fang et al., 2013; Wang et al., 2012). It is proposed that further studies on immobilization 
of the specialized degraders onto biofilm carriers in a MBR (biofilm membrane bioreactor-BF-MBR) 
could improve survival of newly introduced strains in bioaugmented systems, thus improving the bio-
augmentation efficiency.  
4.4. Conclusions 
In the current study, MBRs were bioaugmented with Achromobacter denitrificans strain PR1 to 
enhance the removal of SMX from wastewater and compared to a control, non-bioaugmented reactor. 
Influences of different operational condition, e.g. HRT and effect of addition of specific substrate 
(acetate) on the efficiency of bioaugmentation were investigated. Based on the results, the following 
conclusions could be drawn:  
• HRT had an impact on SMX removal, and high HRT results in low F/M that could be limiting 
for SMX removal. Decreases in HRT from 24 h to 12 h, 6 h and finally 4 h resulted in an in-
crease in SMX removal efficiency and specific degradation rate, which is likely due to in-
crease in primary substrates availability, e.g. organic compounds and ammonia.  
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• Positive correlations between OLR or ALR and SMX removal were found, indicating that the 
presence of primary substrates are important for enhancing SMX degradation by AS and the 
inoculated strain.  
• Bioaugmentation of PR1 resulted in enhanced and stabilized SMX removal, especially when 
SMX shock loads occurred. MBR could be useful in preventing washout of biomass but oth-
er factors, e.g. predation by protozoa, competition by indigenous bacteria etc. could govern 
the observed loss of the introduced strain over time. Despite the decrease in abundance of the 
introduced strain after a relatively short period of time, the bioaugmented reactors were gen-
erally more efficient in SMX removal than their non-bioaugmented counterparts. The fact 
that SMX is widely present in wastewater, rarely fully removed from WWTPs, and PR1 is 
very efficient in SMX removal (particularly at the low SMX levels normally found at 
WWTPs), show that bioaugmentation with PR1 is a viable operational strategy to enhance 
removal of SMX in poor performing WWTPs or in hospital/pharmaceutical wastewater 
treatment if more stringent discharge limits for SMX will be set to reduce the unwanted re-
lease of antibiotics into the environment.  
• Re-inoculation of the degrading strain seemed not to be the suitable solution and immobiliza-
tion onto biofilm carriers in a MBR is suggested for further studies to maintain survival of 
bioaugmented strains and removal efficiency of the target compound.  
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5. GENERAL CONCLUSIONS AND FUTURE PERSPECTIVES 
Thesis outcomes: 
The main focus of this work was to investigate the potential for enhanced removal of the antibi-
otic SMX from WWTPs, using bioaugmentation with Achromobacter denitrificans strain PR1.  
During the course of this PhD study, the major accomplishments of this work were: 
- Characterization of the kinetics of SMX degradation by A. denitrificans strain PR1 in pure 
culture under environmentally relevant concentrations (Chapter 2). 
- Characterization of the kinetics of SMX degradation by activated sludge as well as in bioaug-
mented activated sludge using A. denitrificans strain PR1 (Chapter 3). 
- Understanding the fate of the two human metabolites, i.e. Ac-acetyl-SMX and sulfamethoxa-
zole-N1-glucuronide, during biological processes (Chapter 3). 
- Understanding effects of redox potentials, e.g. aerobic and anoxic, on the biotransformations 
of SMX and the two human metabolites by both AS and bioaugmentation degrading strain 
PR1 (Chapter 3). 
- Pseudo-first order and cometabolic models were successfully calibrated to describe the re-
moval of SMX and the two human metabolites in the systems (Chapter 3). 
- Enhancing SMX removal in wastewater was achieved with bioaugmentated MBRs (Chapter 
4)  
- Understanding the effects of operational condition, e.g. HRT, as well as primary substrates 
(organic carbon or ammonium) on the SMX removal performances of bioaugmented and non-





- Contribution on development of qPCR method to monitor the traits of introduced strain PR1 
in the bioaugmented MBRs (Chapter 4). 
The main outcomes of this thesis are summarized as follows: 
In this study, sulfamethoxazole degrading bacteria, A. denitrificans strain PR1, previously isolat-
ed from activated sludge and found to have capability to degrade and use SMX as sole source of car-
bon, nitrogen and energy, was assessed for its feasibility towards bioaugmentation applications.  
Firstly, the SMX degradation kinetics of the strain were characterized. The strain was found to 
have the potential to degrade the antibiotic sulfamethoxazole (SMX) over a wide range of concentra-
tions (ng L-1, µg L-1 and mg L-1), whereby SMX degradation kinetics were dependent on and stimulated 
in the presence of biogenic substrates, i.e. acetate or succinate. The biotransformation rate constant kbio 
of the strain was 2 to 3 orders of magnitude higher than non-augmented activated sludge, which sug-
gested that the strain is a potentially interesting organism for bioaugmentation to achieve SMX remov-
al.  
Experimental results from activated sludge batch tests suggested that retransformation of conju-
gate metabolites to the SMX in activated sludge occurred under both aerobic and anoxic conditions, 
which likely explains the previously observed negative or variability in SMX removal efficiencies in 
other studies. The results also demonstrated that biotransformation kinetics of SMX by activated 
sludge can vary significantly depending on redox conditions, i.e. SMX was biotransformed only under 
aerobic conditions. Notably, SMX transformation was enhanced when PR1 was bio-augmented in ac-
tivated sludge. The addition of acetate as biogenic substrate is not necessary as the strain could use the 
carbon sources present in wastewater as biogenic substrates to achieve a sufficiently interesting SMX 
removal rates. The SMX biotransformation kinetics of PR1 was about sixty-times and hundred-eighty-
times higher than the activated sludge in the presence and absence of primary substrates, respectively. 
These results prospect the use of Achromobacter denitrificans PR1 for bioaugmentation as a feasible 
and efficient strategy to improve SMX elimination in WWTPs. Biological degradation models such as 
the pseudo-first order kinetic and co-metabolism models, were successfully applied and the estimated 
kinetic parameters could describe well data measured of the biotransformations of SMX and the two 
human metabolites in bioaugmented and non-bioaugmented activated sludge batch experiments under 
various redox conditions.  
Bioaugmentation of PR1 in membrane bioreactors for a long-term resulted in enhancing and 
stabilizing the removal of SMX, especially under SMX shock loads compared to the non-
bioaugmented MBRs. However, the bioaugmentation strain could be sustained in the reactor only for a 
limited time, a maximum of 31 days. MBRs could be useful in preventing washout of biomass but 
other abiotic and biotic stresses, e.g. predation by protozoa, competition by indigenous bacteria etc., 
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probably governed the decrease of the introduced microbial population. We found that, by changing 
operational conditions such as HRT, SMX removal could improve in wastewater in both bioaugment-
ed and non-bioaugmented reactors. A correlation between the SMX removal efficiency and the OLR 
or ALR suggested that the removal rates of SMX in AS processes are strongly linked to the cometabo-
lism of both autotrophic and heterotrophic bacterial communities, and that the higher the consumption 
of primary substrates or ammonium, the higher the observed rate of SMX cometabolized. High HRT 
(24h), resulting in low F/M, could be a limiting factor for SMX removal. Relatively good removal of 
SMX was found with the non-bioaugmented activated sludge investigated in this study, which could 
be attributed to (i) the superiority of advanced membrane technology compared to conventional acti-
vated sludge. Antibiotics removal in MBR processes was reported to be 15-42% greater than conven-
tional activated sludge processes (Sahar et al. 2011); or (ii) favorable operational conditions applied in 
this study, e.g. no sludge withdrawal that  favor the proliferation of slowly growing bacteria (such as 
nitrifying bacteria), thus improving the microbial diversity in the reactor and achieving better biodeg-
radation. The fact that MBR is not applied at all WWTPs and the compound is ubiquitously present in 
the environment, with high detection frequency with incomplete and inconsistent SMX removal effi-
ciencies in conventional WWTPs (Clara et al., 2005b, 2005a; Miège et al., 2009; Radjenović et al., 
2009), suggests that bioaugmentation is needed to enhance removal of SMX in poor performing 
WWTPs or in hospital/pharmaceutical wastewater treatment.  
The concentrations of SMX in our experiments are comparable with the concentration ranges 
that occurred in WWTPs and the reactors were also operated with real wastewater collected from a 
municipal wastewater treatment plant, and hence we can assume that our bioaugmented reactors were 
operated under realistic conditions. The proposed bioaugmentation MBR could be directly applicable 
to full-scale WWTPs to improve SMX removal performance. Also, knowledge of the effects of opera-
tional conditions such as HRT or loading rates (organic carbon and ammonium loading rates) will aid 
operators in determining ways to enhance their plant performance, through the manipulation of the 
HRT or OLR and ALR. Additionally, biokinetic characterizations of the bioaugmentation strain and 
activated sludge under different redox potentials are useful parameters and could be incorporated into 
the International Water Association (IWA) Activated Sludge Model to facilitate modelling the impacts 
of wastewater characteristics and operational conditions on SMX removals and allowing process op-
timization. 
Recommendations for Future Research/Future perspectives: 
During the course of this Ph.D study, a number of other issues were raised that call for further investi-
gation. Recommendations for future research in this field are described below: 
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- A. denitrificans strain PR1 was previously isolated from activated sludge and found to be ca-
pable of removing many sulfonamide antibiotics, including SMX degradation with the stoi-
chiometric accumulation of 3A5MI (Reis et al., 2014). Further studies are needed to elucidate 
the SMX degradation mechanism by PR1 as well as the enzymes/genes that are responsible 
for SMX degradation by this strain. The identification of the enzymes(s) responsible for SMX 
degradation could also provide a useful marker gene for monitoring gene expression upon bi-
oaugmentation using in situ PCR or reverse transcriptase-PCR of extracted total RNA. These 
observation techniques can be used to monitor the activity of cells within a mixed microbial 
community and investigate which modification can have an influence on the metabolic activi-
ty of the introduced strain. 
- It would also be interesting to understand the microbial communities of initial activated sludge 
and which populations are responsible for SMX removal. Stable isotope probing (SIP) has 
been considered as a potentially powerful tool to determine exactly which organisms assimi-
late specific contaminants (Radajewski et al., 2000). By understanding the specific degraders, 
biostimulation, which involves the identification and adjustment of factors such as nutrients 
that may be limiting the biodegradation rate of the contaminants by the indigenous microor-
ganism at the affected site, could be applied for bioremediation of the targeted contaminants if 
applicable.    
- Several MPs, e.g. diclofenac, hormones, and three macrolide antibiotics (azithromycin, clar-
ithromycin and erythromycin), were added to the Watch list of Decision 2015/495/EU and 
improvement in removal of these compounds is required if stringent discharge limits are im-
posed as anticipated. Advanced treatments, e.g. advanced oxidation processes, can remove 
these MPs very efficiently, but imply very high cost. Nowadays, since the tendency exists to 
apply “green” technology, bio-treatment is often a more economically feasible alternative. 
However, many of these MPs are still not fully removed in WWTPs, many of them due to 
their artificial nature, not easily degraded by natural enzymatic systems. Also, their biological 
degradation rates are very slow, thus requiring the enlargement of biological treatment tank 
volumes, which is not practically feasible. When operated successfully, bioaugmentation still 
holds the promising, cost-effective and sustainable biological abatement for fostering degrada-
tion rates of these MPs in wastewater. In this study, SMX was considered as a model pharma-
ceutical to which bioaugmentation was applied to enhance the removal efficiency in 
wastewater treatment. This research could be extended for enhanced removal of many other 
organic MPs in wastewater, e.g. diclofenac, natural and synthetic estrogens, etc. A mixed cul-
ture of “superbugs” with the ability to degrade targeted MPs simultaneously could be intro-
duced to the activated sludge systems to enhance removal of the compounds under concern. 
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From an application perspective, bioaugmentation of the systems using a consortium was 
found to be more effective compared to the isolated one (Yao et al., 2013), as it provides the 
metabolic diversity and robustness needed for field applications (Rahman et al., 2002; Tyagi 
et al., 2011). 
- From the current study as well as some other studies, the introduced strain population was 
found to decrease shortly after being inoculated due to several abiotic and biotic stresses. Re-
peated inoculation is required to maintain the bioaugmentation efficiency. To improve the bi-
oaugmentation efficiency, immobilization of specialized consortia has been reported as a 
strategy for maintaining efficient degradation in wastewater treatment (Bouchez et al., 2009; 
El-Naas et al., 2009; Qu et al., 2006). However, immobilization of degrading strains within al-
ginate beads or polyvinyl alcohol etc. may be costly and complex for practical application. To 
overcome this problem, immobilization of specialized degraders into biofilms reactors, e.g. 
Moving Bed Biofilm Reactor (MBBR), or biological contact oxidation reactor (BCOR) or 
membrane-aerated-biofilm reactors (MABR) etc., has been found to enhance the degradation 
of toxic pollutants in wastewater (Fang et al., 2013; Li et al., 2013; Wang et al., 2012). It is 
proposed that immobilization of the specialized degraders onto biofilm carriers in a membrane 
bioreactor (biofilm membrane bioreactor-BF-MBR) could potentially enhance the survival, 
prevent wash-out and out-competition of newly introduced strains in bioaugmented systems, 
thus improving the bioaugmentation efficiency. In addition, the potential ecotoxicological ef-
fects of the transformation metabolites present in the effluent should also be monitored.  
- In addition to monitoring the abundance, microbial monitoring tools, e.g. primer designs, 
qPCR, etc., could also be developed to target the SMX antibiotic resistance genes of the in-
oculated strain A. denitrificans PR1 in order to monitor the resistance levels in both the bio-
augmented and non-bioaugmented reactors. Sequencing of the 16S by Next Generation Se-
quencing can also be used to understand the dynamic of the activated sludge community.  
- In this study, heterotrophs seem to be the dominant organisms responsible for the biotransfor-
mation of SMX. Hence, the calibration of cometabolic model based on only organic carbon as 
the primary substrates. But both autotrophic (Kassotaki et al., 2016) and heterotrophic (Müller 
et al., 2013) bacteria can be responsible for the removal of SMX. Further research could be 
extended to combining modeling and experimental efforts to understand the contribution of 
different members, e.g. autotrophs, in a community in terms of SMX and other MP biodegra-
dations. 
- Bioaugmentation is a promising strategy for xenobiotics bioremediation, but not yet widely 
applied due to its lower predictability and controllability. Bioaugmentation success requires 
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not only engineering aspects, but also a deep understanding of microbial ecology. Technologi-
cal advances in molecular microbial ecology together with analytical chemistry provide us 
more direct, comprehensive assessment of microbial community structure and composition 
(Thompson et al., 2005). Bioaugmentation is considered as a specific application of co-
cultures and represents a kind of microbial invasion process. Mathematical modelling is be-
coming more and more appreciated as a tool for identifying possible co-cultures of interest, 
and most recently, Individual-Based Modelling has been developed and able to retrieve in 
vitro dynamics of invasion in bioaugmented sand filter communities (Daly et al., 2018). In ad-
dition, support vector regression models using microbial community information and opera-
tional data were proposed to reliably predict the reactor performance of bioaugmentation sys-
tems (Seshan et al., 2014). Combination of these new technologies and models calls for fur-
ther studies to better understand the interactions between the bioaugmented degrader and the 
resident community. This ultimately allows bioaugmentation to be more predictable and con-
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Appendix A1. Direct HPLC injection of sulfamethoxazole, sulfanilic acid and 3-amino-5-
methylisoxazole  
For the tests of 150 mg L-1 and 500 µg L-1, samples were taken for pH determination, and then centri-
fuged at 10000 rpm for 5 minutes in a VWR Microstar 17 centrifuge to remove the biomass, filtered 
through a 0.2 µm Spin Filter (Centrifugal filter modified nylon, VWR), and stored in 1.5 mL Eppen-
dorf tubes at -20oC for the monitoring of SMX concentration and degradation metabolites. All selected 
organic compounds were analysed by HPLC using a Waters system equipped with ultraviolet (UV) 
and fluorescence detectors (Waters Chromatography, Milford, MA, USA) and a Luna 5µm C18(2) 
100A (150 x 3.0 mm) column (Phenomenex Inc., Torrance, CA, USA). The mobile phase consisted of 
water acidified with formic acid 0.1% v/v (A): acetonitrile (B) at a flow rate of 1.2 mL/min and the 
eluting conditions applied consisted of 1.5 min at 5% of B; 3 min of a linear gradient up to 100% of B 
and finally 2.5 min at 5% B. The volume of injection was 50 µL. Samples containing the mixtures of 
compounds were analysed using the conditions described in Table A1.  
Table A1. HPLC methods used for the detection of SMX and biodegradation metabolites in the 
direct HPLC analysis 






Sulfamethoxazole 5%ACN/95%H2O acidified with for-
mic acid 0.1% (v/v) 
35 1.2 270 
Sulfanilic acid 5%ACN/95%H2O acidified with for-
mic acid 0.1% (v/v) 
35 1.2 230 
3-amino-5-
methylisoxazole 
5%ACN/95%H2O acidified with for-
mic acid 0.1% (v/v) 
35 1.2 250 
 
ACN - Acetonitrile; MeOH - Methanol; H2O - Milli-Q water; UV - Ultraviolet;  
Appendix A2. Direct LC-MS/MS injection of sulfamethoxazole and 3-amino-5-methylisoxazole 
For the tests of 20 µg L-1 and 600 ng L-1, the analyses were performed using a high performance 
liquid chromatography coupled to tandem mass spectrometry (LC-MS/MS) using a Dionex Ultimate 
3000 system from Thermo Scientific. This equipment is equipped with a binary pump, an automatic 
injector and a thermostatted column compartment coupled to a Mass Spectrometer TSQ Endura triple 
quadrupole model, from Thermo Scientific. The separation was performed on a reversed-phase col-
umn (Acquity BEH C18 (2,1 x 50 mm, 1,7 µm), Waters)) at 40oC using an injection volume of 20 µL. 
The mobile phase consisted of water:formic acid 0.5% v/v supplemented with 0.01 mM ammonium 
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acetate (A): methanol (B) at a flow rate of 0.30 mL/min and the eluting conditions applied consisted of 
2 min at 5% of B; 2 min at 20% of B, 2 min at 40% of B followed by 2 more minutes at 70% of B then 
a linear gradient up to 90% of B for 2 min before finally reduced to 5 % of B for the last 4 min.  
Triple quadrupole operating conditions were optimized in order to work in multiple reaction 
monitoring mode (MRM). The optimization was based on the selection of ionization mode, optimum 
collision energy (eV), ion transfer tube. MRM transitions, the optimum collision energies and cone 
voltages selected for each transition are indicated in Table A2. The first transition corresponds to the 
most abundant and was used for quantification and the second one for confirmation purposes. 
XCalibur software (version 4.1) was used for data acquisition and processing. 
Ultrahigh-purity Argon (Ar) was used as collision gas. High purity nitrogen was used as sheath, 
aux and sweep gas.   
Table A2. MS/MS parameters for the analysis of target analytes by MRM negative and positive 
ionization mode 







Sulfamethoxazole  254.1 15 254.1>156 20 254.1>92 
D4-sulfamethoxazole  258.2 15 258.2>160.1 25 258.2>96.1 
3-amino-5-
methylisoxazole 
 99.1 10 99>72 12 99>44 
 
Table A3. Structure and physico-chemical properties of the sulfamethoxazole 
























a Log Kow: logarithm of the octanol-water partition coefficient 














































Figure S1. Metabolism of sulfamethoxazole in humans, adapted from Radke et al. (2009) 
Amongst five conjugated metabolites of SMX (Figure B1), only two metabolites (i.e. Ac-SMX and 
SMX-Glu) were detected in the environment (Bonvin et al. 2011; Göbel et al. 2007; Hilton and 
Thomas 2003; Stadler et al. 2015) and represented high amount of total load of SMX, i.e.  52-58% of 
the source of sulfamethoxazole in reclaimed water (Wang and Gardinali 2014), suggesting the im-
portance of measuring these two human metabolites.  
Appendix B2. Sample preparation and analytical methods for the concentration of sulfameth-
oxazole, the two human metabolites and biodegradation metabolites with LC-MS/MS  
Sample preparation 
The following SPE procedure was based on a previously published method for the analysis of 
sulfonamides in natural waters (Ye et al. 2007). The sample was filtered through nylon syringe filter 
0.2 µm (Whatman). The supernatant was stored in 10 mL glass vials until analysis (within 2 weeks). 
Before performing SPE, the sample aliquot was added with Na2EDTA solution as a complexing agent, 
and was spiked with surrogate standards d4-N4-acetyl-sulfamethoxazole, sulfamethoxazole-d4-N1-
glucuronide, sulfamethoxazole-d4 each at 500 ng L-1, adjusted to pH = 3. Isotope labelled compounds 
were used to correct for any losses that may have occurred during SPE and quantify the compounds 





































Figure B1. Metabolism of sulfamethoxazole in humans, adapted from Radke et al. (2009) 
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while accounting for matrix effects inherent to wastewater samples. Analytes were extracted using the 
hydrophilic-lipophilic balance OASIS HLB catridge (6 mL, 200 mg) from Waters (Millford, MA). 
The cartridge was pre-conditioned with 6 mL of MeOH, followed by 3 mL of acidified methanol 
(0.1% formic acid in HPLC grade methanol, v/v), and then 2 x 6 mL of MilliQ-water. After that, sam-
ples were extracted through the HLB cartridges at a flow rate of ~5 mL/min using a 20-position vacu-
um manifold (Waters). After extraction, the cartridge was rinsed with 2 x 6 mL of MilliQ-water and 
vacuum-dried for ~5 min. The retained analytes were subsequently eluted with 4 x 2 mL of acidified 
methanol (50 mM formic acid) into a glass test tube. The SPE eluent was evaporated to dryness under 
a gentle flow of nitrogen and finally reconstituted to 500 µL in a solvent mixture of MilliQ-
water:methanol (9:1). The extract was transferred to an amber autosampler vial, and stored at -20oC 
until LC-MS/MS analysis, which was carried out the day after. 
Analytical methods 
The concentration of SMX and their metabolites were monitored by using a high performance 
liquid chromatography coupled to tandem mass spectrometry (LC-MS/MS) using a Dionex Ultimate 
3000 system from Thermo Scientific. This equipment is equipped with a binary pump, an automatic 
injector and a thermostatted column compartment coupled to a Mass Spectrometer TSQ Endura triple 
quadrupole model, from Thermo Scientific. The separation was performed on a reversed-phase col-
umn (Acquity BEH C18 (2,1 x 50 mm, 1,7 µm), Waters)) at 40oC using an injection volume of 20 µL. 
The mobile phase consisted of water:formic acid 0.5% v/v supplemented with 0.01 mM ammonium 
acetate (A): methanol (B) at a flow rate of 0.30 mL/min and the eluting conditions applied consisted of 
2 min at 5% of B; 2 min at 20% of B, 2 min at 50% of B followed by 2 more minutes at 70% of B then 
a linear gradient up to 90% of B for 2 min before finally reduced to 5 % of B for the last 3 min.  
Triple quadrupole operating conditions were optimized in order to work in multiple reaction 
monitoring mode (MRM). The optimization was based on the selection of ionization mode, optimum 
collision energy (eV).  
Ionization was achieved by positive electron spray ionization (ESI), using a spray voltage of 4 
kV situated at a 90◦angle to the entrance. Drying gas temperature was set as 350◦C, nebulizer pressure 
(N2) as 22 psi and drying gas flow rate as 11 L/min to achieve the highest sensitivity. Ultrahigh-purity 
Argon (Ar) was used as collision gas. High purity nitrogen was used as sheath, auxiliary and sweep 
gas.   
MRM transitions, the optimum collision energies and cone voltages selected for each transition 
are indicated in Table B1. The first transition corresponds to the most abundant and was used for 
quantification and the second one for confirmation purposes. 
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XCalibur software (version 4.1) was used for data acquisition and processing. 
Table B1. MS/MS parameters for the analysis of target analytes by MRM positive ionization 
mode 
Target compounds tR (min) Precursor 
ion [M+H]+ 
MRM1  MRM2 










Sulfamethoxazole 5.84 254.1 15 156 20 92 
N4-acetyl-sulfamethoxazole 6.81 296.3 25 134.1 18 198.1 
Sulfamethoxazole-N1-glucuronide 4.93 430.3 10 254.3 30 156.1 
d4-sulfamethoxazole 5.80 258.2 15 160.1 25 96.1 
d4-N4-acetyl-sulfamethoxazole 6.82 300.3 25 138.2 18 202.2 
Sulfamethoxazole-d4-N1-glucuronide 4.87 434.3 12 258.3 30 160.1 
3-amino-5-methylisoxazole 0.89 99.1 10 99.2>72 12 99>44 
 









Sulfamethoxazole 5.84 254.1 15 156 20 92 
N4-acetyl-sulfamethoxazole 6.81 296.3 25 134.1 18 198.1 
sulfamethoxazole-N1-glucuronide 4.93 430.3 10 254.3 30 156.1 
d4-sulfamethoxazole 5.80 258.2 15 160.1 25 96.1 
d4-N4-acetyl-sulfamethoxazole 6.82 300.3 25 138.2 18 202.2 
sulfamethoxazole-d4-N1-glucuronide 4.87 434.3 12 258.3 30 160.1 








Table B2. Target pharmaceuticals and transformation products under investigation: structure, 
properties, and wastewater concentration (Kow – octanol–water partition coefficient; Kd – solid–
liquid partition coefficient; pKa–acid dissociation constant; TP – transformation product; N.F – 
not found). 
Chemical  Structure  Use  Log Kow Log Kd pKa WWTP primary ef-
fluent incidence con-
centration (µg L-1) 
Sulfamethoxazole  
 
Antibiotic  0.89a 2.4b pKa1 = 1.8c 
pKa2 = 5.7c 












1.21 N.F 2.7 ± 0.5c n.d. 
n.d. : not determined; a(Kolpin et al., 2002); b(Göbel et al., 2005); c(Radke et al., 2009) 
 
 
Appendix B3. Chelas Wastewater Treatment Plant (Lisbon, Portugal) 
Municpal WWTP Chelas was designed to receive about 52500 m3 of wastewater per day, with a 
capacity of 211000 population equivalents (PE). The WWTP comprises various treatment processes 
such as a pre-treatment, primary treatment, biological treatment (anoxic-aerobic process), tertiary 
treatment (sand filtration  UV) and sludge treatment. The biological treatment was designed for ni-
trogen removal with a pre-denitrificcation process and operated at hydraulic retention time (HRT) of 2 
hours. Biogas produced from the anaerobic digestion process of sludge treatment is used as energy to 
lower the plant operational cost. Characteristics of the primary effluent wastewater are mentioned in 
Table B3. The average treatment performance of Chelas WWTP was 90% removal of N-NH4+, 60% 




























Range 126-500 50-139 33-143 40-53 0.52 – 1.73 0.78 -1.17 
Mean ± std 258 ± 97 99 ± 22 91 ± 37 40 ± 8 0.87 ± 0.75 0.98 ±  0.20 
TCOD: total COD; sCOD: soluble COD 
 
Table B4. Goodness of the fit (R2) of the models used in this study 
Test Compound Biotransformation Retransformation 







A1 SMX 0.04 0.95  
 Ac-SMX   0.99 
 SMX-Glu   0.98 
A2 SMX 0.52 0.79  
 Ac-SMX   0.99 
 SMX-Glu   0.98 
A3 SMX 0.94 0.95  
 Ac-SMX   0.99 
 SMX-Glu   0.98 
A4 SMX 0.89 0.99  
 Ac-SMX   0.98 
 SMX-Glu   0.94 
An1 SMX 0.99   
 Ac-SMX   0.99 
 SMX-Glu   0.99 
An2 SMX 0.98   
 Ac-SMX   0.99 








Table B5. Parameters of the ASM model (Henze et al. 2000) used and calibrated in this study 
Parameter Definition Values Unit 
µH Specific growth rate of heterotrophs Calibrated  day-1 
YH Yield coefficient for heterotrophs 0.67 g cell COD formed (g COD oxidized)-1 
KS Saturation constant for substrate SS 20 gCOD m-3 
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Figure B2. Measured and simulated acetate, expressed as sCOD (mg L-1)for aerobic batch tests 
(A1): non-bioaugmented AS with supplementation of acetate; and (A4): bioaugmented AS with 

















































Figure B3. Evolution of ammonium concentration for aerobic batch tests (A1): non-bioaugmented ac-
tivated sludge test; (A2): non-bioaugmented activated sludge test with supplementation of acetate as 
additional C-source; (A3): bioaugmented activated sludge with A. denitrificans PR1 test; and (A4): bi-
oaugmented activated sludge with A. denitrificans supplemented with acetate test. Error bars indicate 



























Figure B4. Modelling results. Figure shows the results obtained for SMX and the two human metabolites, e.g. Ac-SMX and SMX-Glu, biotransfor-
mation in the non-bioaugmented aerobic batch tests (A1): non-bioaugmented activated sludge test; (A2): non-bioaugmented activated sludge test with 
supplement of acetate as additional C-source. Full symbols represent measured concentrations plotted versus simulated concentrations during batch 








Figure B5. Modelling results. Figure shows the results obtained for SMX and the two human metabolites, e.g. Ac-SMX and SMX-Glu, biotransfor-
mation in the bioaugmented aerobic batch tests (A3): bioaugmented activated sludge with A. denitrificans PR1 test; and (A4): bioaugmented activated 
sludge with A. denitrificans PR1 supplement with acetate test. Full symbols represent measured concentrations plotted versus simulated concentrations 
during batch experiments. Dashed lines are the 95% confidence limits for the predicted concentrations.  
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Figure B6. Modelling results. Figure shows the results obtained for SMX and the two human metabolites, e.g. Ac-SMX and SMX-Glu, biotransfor-
mation in the anoxic batch tests (An1): non-bioaugmented activated sludge; (An2): bioaugmented activated sludge with A. deninitrificans PR1. Full 
symbols represent measured concentrations plotted versus simulated concentrations during batch experiments. Dashed lines are the 95% confidence 








Figure B7. Illustration of measured concentrations of SMX, Ac-SMX, and SMX-Glu (markers) 
and simulated (lines) as a function of time for aerobic batch tests (A1): non-bioaugmented acti-
vated sludge test; (A2):  non-bioaugmented activated sludge test with supplementation of acetate 
as additional C-source; (A3): bioaugmented activated sludge with A. denitrificans PR1 test; and 
(A4): bioaugmented activated sludge with A. denitrificans PR1 supplemented with acetate test. 




































Figure B8. Illustration of measured (makers) and simulated (continuous lines) concentrations of 
SMX as a function of time for aerobic batch tests (A2): non-bioaugmented AS test with supple-
mentation of acetate as additional C-source, with both acetate and other readily biodegradable 
substrates that present in wastewater (expressed as sCOD) were considered as the primary sub-














































Appendix C1. Sample preparation and analytical methods  
Analytical methods 
The concentration of SMX and their metabolites were monitored by using a high performance 
liquid chromatography coupled to tandem mass spectrometry (LC-MS/MS) using a Dionex Ultimate 
3000 system from Thermo Scientific. This equipment is equipped with a binary pump, an automatic 
injector and a thermostatted column compartment coupled to a Mass Spectrometer TSQ Endura triple 
quadrupole model, from Thermo Scientific. The separation was performed on a reversed-phase col-
umn (Acquity BEH C18 (2,1 x 50 mm, 1,7 µm), Waters)) at 40oC using an injection volume of 20 µL. 
The mobile phase consisted of water:formic acid 0.5% v/v supplemented with 0.01 mM ammonium 
acetate (A): methanol (B) at a flow rate of 0.30 mL/min and the eluting conditions applied consisted of 
2 min at 5% of B; 2 min at 20% of B, 2 min at 50% of B followed by 2 more minutes at 70% of B then 
a linear gradient up to 90% of B for 2 min before finally reduced to 5 % of B for the last 3 min.  
Triple quadrupole operating conditions were optimized in order to work in multiple reaction 
monitoring mode (MRM). The optimization was based on the selection of ionization mode, optimum 
collision energy (eV). 
Ionization was achieved by positive electron spray ionization (ESI), using a spray voltage of 4 
kV situated at a 90◦angle to the entrance. Drying gas temperature was set as 350◦C, nebulizer pressure 
(N2) as 22 psi and drying gas flow rate as 11 L/min to achieve the highest sensitivity. Ultrahigh-purity 
Argon (Ar) was used as collision gas. High purity nitrogen was used as sheath, auxiliary and sweep 
gas.   
MRM transitions, the optimum collision energies and cone voltages selected for each transition 
are indicated in Table C1. The first transition corresponds to the most abundant and was used for 
quantification and the second one for confirmation purposes. 










Table C1. MS/MS parameters for the analysis of target analytes by MRM negative and positive 
ionization mode 
Target compounds tR (min) Precursor 
ion [M+H]+ 
MRM1  MRM2 










Sulfamethoxazole 5.84 254.1 15 156 20 92 
N4-acetyl-sulfamethoxazole 6.81 296.3 25 134.1 18 198.1 
Sulfamethoxazole-N1-glucuronide 4.93 430.3 10 254.3 30 156.1 
d4-sulfamethoxazole 5.80 258.2 15 160.1 25 96.1 
d4-N4-acetyl-sulfamethoxazole 6.82 300.3 25 138.2 18 202.2 
Sulfamethoxazole-d4-N1-glucuronide 4.87 434.3 12 258.3 30 160.1 
3-amino-5-methylisoxazole 0.89 99.1 10 99.2>72 12 99>44 
 
Appendix C2. Chelas Wastewater Treatment Plant (Lisbon, Portugal) 
Chelas was designed to receive about 52500 m3 of wastewater per day, with a capacity of 
211000 population equivalents (PE). The WWTP comprises various treatment processes such as a pre-
treatment, primary treatment, biological treatment (anoxic-aerobic process), tertiary treatment (sand 
filtration  UV) and sludge treatment. The biological treatment was designed for nitrogen removal 
with a pre-denitrificcation process and operated at hydraulic retention time (HRT) of 2 hours. Biogas 
produced from the anaerobic digestion process of sludge treatment is used as energy to lower the plant 
operational cost. The average treatment performance of Chelas WWTP was approx. 90% removal of 
N-NH4+ and 60% removal of N-NO3-.  
 
 
 
 
 
 
